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ABSTRACT
The potential of a soil to immobilize heavy metal ions is dependent on the
presence of adsorption sites, and the stability of metal species over the range of
geochemical conditions present in the soil over time. Lead (Pb) is a cumulative toxin that
is enriched in much of the urban pedosphere due to historical use of Pb-based paint and
Pb-amended gasoline. Because in-situ remediation of Pb is possible if the bioavailable
fraction can be rendered inert, understanding Pb-sorbent interactions is necessary to
accurately and efficiently alter Pb speciation in soils. The objectives of this study are to
1) determine efficient ways to predict Pb behavior at the field scale, and 2) characterize
microscale controls on Pb speciation. A combination of geospatial and analytical tools
has been used across a variety of spatial scales to provide the first multiscale analysis of
microenvironment impact on Pb speciation in soils. This research investigated Pb
distribution at the field scale (in Burlington, VT), and mobility at the microscale. The
field-scale study has shown that the relationship between total Pb and bioaccessible Pb is
not linear, in stark contrast to the existing conceptual model of this relationship. It was
determined that the disproportional influence of fine-fraction Pb in low total-Pb soils
results in elevated bioavailability. Microscale investigations determined that there is a
positive correlation between the density of reactive microenvironments and the release of
Pb from contaminated soil, and that altered distributions of microenvironments
significantly alters the rate of Pb release. This research identifies specific mechanisms
controlling Pb behavior in soils at both the field and the microscale, which can be used to
inform improvements to implementation of remediation.

DEDICATION
To my Family, who have had my back since day one (UVM Hospital, 1994). And
to my Friends, Fischer Skis, Specialized Bicycles, and Stowe Mountain Resort for giving
me things to do when I should have been working on my thesis.

ii

ACKNOWLEDGEMENTS
There are many people who have been essential to my success over my time at the
University of Vermont. First, thank you to Landon Williamson, Amanda Rossi, and
Katelyn Czyzyk each of whom, throughout the experimental portion of my research truly
exemplified the phrase ‘many hands make light work.’ Without their efforts I would have
been old as dirt before I could compile the volume of data we were able to as a team. My
sincerest thanks to my committee members Andrew Schroth and Don Ross for your
sound advice during all stages of my research, and to all faculty of the geology
department, with a special thank you to Gaby Mora-Klepeis who solved more problems
for me than I can count. Thank you to the Geology faculty of St. Lawrence University, in
particular Judith Nagel-Myers and Jeff Chiarenzelli, both of whom provided unwavering
support and heartily encouraged my pursuit of graduate studies. And of course, thank you
to my advisor, Nico Perdrial, who through the progression of my graduate experience
provided me the opportunity to engage in interesting research, and to grow as a scientist
and a person.

iii

TABLE OF CONTENTS

DEDICATION .................................................................................................................... ii
ACKNOWLEDGEMENTS ............................................................................................... iii
LIST OF FIGURES ........................................................................................................... vi
LIST OF TABLES ............................................................................................................. ix
CHAPTER 1: Introduction and comprehensive review of the literature ............................ 1
1.1 Introduction ................................................................................................................... 1
1.2 Literature review ........................................................................................................... 6
1.2.1 Microenvironments and competitive sorption: ...................................................... 6
1.2.2 Pb remediation strategies: ...................................................................................... 9
1.2.3 Pb contamination in urban soils: .......................................................................... 12
References ......................................................................................................................... 16
CHAPTER 2: Total Pb and bioavailable Pb: a non-linear relationship ............................ 20
Abstract ............................................................................................................................. 20
2.1 Introduction ................................................................................................................. 20
2.2 Materials and Methods ................................................................................................ 27
2.3 Results:........................................................................................................................ 29
2.3.1 Total Pb and bioavailability: ................................................................................ 29
2.3.2 Geospatial modeling:............................................................................................ 33
2.3.3 Grain size bioavailability: .................................................................................... 33
2.4 Discussion ................................................................................................................... 35
2.4.1 Total vs. bioavailable Pb: ..................................................................................... 35
2.4.2 Influence of particle size to Pb bioavailability: .................................................... 36
2.4.3 Notable changes to existing spatial model: .......................................................... 38
2.5 Conclusions ................................................................................................................. 39
References ......................................................................................................................... 41
CHAPTER 3: Pb speciation in paint chips and the effect of microenvironments on its
mobility ............................................................................................................................. 44
3.1 Introduction ................................................................................................................. 44
iv

3.2 Materials and Methods ................................................................................................ 48
3.2.1 Soil: ...................................................................................................................... 48
3.2.2 Flow-through column settings:............................................................................. 48
3.2.3 Solution analysis: ................................................................................................. 51
3.2.4 Solid phase analysis: ............................................................................................ 52
3.3 Results ......................................................................................................................... 55
3.3.1 Soil characteristics: .............................................................................................. 55
3.3.2 Elemental release: ................................................................................................ 58
3.3.3 Pb speciation: ....................................................................................................... 62
3.3.4 Microscale observations: ...................................................................................... 58
3.4 Discussion ................................................................................................................... 66
3.4.1 Origin and speciation of Pb in soil: ...................................................................... 66
3.4.2 Pb behavior upon acid leaching: .......................................................................... 67
3.4.3 Effects of microenvironments: ............................................................................. 70
3.4.4 Implications for remediation: ............................................................................... 72
References ......................................................................................................................... 75
CHAPTER 4: Comprehensive reference list .................................................................... 78
Appendix I ........................................................................................................................ 84

v

LIST OF FIGURES
CHAPTER 1: Introduction and comprehensive review of the literature ............................ 1
Figure 1. Factors influencing Pb bioavailability (A) the stability of Pb oxides,
carbonates, phosphates, and pyromorphite over a pH range of 3 to 11, from
Hopwood et al. (2002), (B) impact of mineral form, particle size, and rinding on
Pb bioavailability, from Ruby et al. (1999). ....................................................................... 4
Figure 2. Amount of Pb adsorbed to goethite surfaces in relation to solution pH,
with an adsorption edge midpoint at approximately pH 6, from (Abdel-Samad and
Watson, 1998). .................................................................................................................... 7
Figure 3. (A) Pb distribution predicted using a kriging, based on total Pb
concentrations (determined with XRF) of 509 soil samples from the Burlington,
VT area, (B) 95 of which were analyzed for bioavailable Pb. From Bower et al.
(2017). ............................................................................................................................... 13
Figure 4. (A) Synchrotron-based XRF map of a Burlington, VT soil. The green
signature is Pb, the blue is Zn, and the red is Fe. Two points were analyzed for
speciation using XRD, and were determined to be hydrocerussite in the middle of
a paint chip (XRD spectrum shown in (B)), and Anglesite (XRD spectrum shown in
(C)). From Bower (2017). ................................................................................................. 13
CHAPTER 2: Total Pb and bioavailable Pb: a non-linear relationship ............................ 20
Figure 1*. (A) Relationship between total and bioavailable Pb (n=95. A linear
regression through the data predicts that the bioavailable fraction is 49.12% of
total Pb. (B) Pb distribution predicted using a kriging, based on total Pb
concentrations (determined with XRF) of 509 soil samples from the Burlington,
VT area From Bower et al. (2017) – *To be removed prior to submission for
publication ........................................................................................................................ 23
Figure 2*. Relationship between median soil Pb (mg kg-1) and BLL (g dL-1) in
children, in New Orleans, LA for seven years between 1995 and 2005. From
Mielke et al. (2007) – *To be removed prior to submission for publication. ................... 26
Figure 3. Relationship between total and bioavailable Pb for soils (A) under
1500 mg kg-1 total Pb, (B) over 1500 mg kg-1 total Pb, and (C) for the entire
dataset. .............................................................................................................................. 30
Figure 4. (A) Total Pb distribution predicted using a kriging, from Bower et al.
vi

(2017), and (B) predicted total Pb distribution after our sample sites were added
to the dataset. (C) The extracted difference between the two krigings. ....................... 31,32
CHAPTER 3: Pb speciation in paint chips and the effect of microenvironments on
its mobility ........................................................................................................................ 44
Figure 1*. Factors influencing Pb bioavailability (A) the stability of Pb oxides,
carbonates, phosphates, and pyromorphite over a pH range of 3 to 11, from
Hopwood et al. (2002), (B) impact of mineral form, particle size, and rinding on
Pb bioavailability, from Ruby et al. (1999) – *To be removed prior to submission
for publication. .................................................................................................................. 46
Figure 2. Schematized representation of the experimental flow-through column
set. Black dots represent idealized goethite microenvironments. ..................................... 49
Figure 3. Column experiment setup. Influent was pumped mechanically through
the prepared soil column, and the effluent collected in 2 hours interval by an Isco
Foxy 200 fraction collector. .............................................................................................. 51
Figure 4. SEM-EDS analysis of unleached soil. Scale bar represents 50 m. From
(Bower, 2017) ................................................................................................................... 56
Figure 5. Synchrotron-based XRF map of Pb contaminated soil leached with
PO4-amended synthetic rainwater, with two XRD analysis points, determined to
be hydrocerussite and anglesite. From Bower (2017). ..................................................... 57
Figure 6. Evolution of Pb concentrations in effluent as a function of the volume of
pH 3 phosphate-amended synthetic rainwater leached through soil columns (A)
Pb release in randomly distributed columns, and (B) highlights Pb release in
columns with layered distributions. Results obtained using ICP-OES. For each
data series (except the control), the number (200, 100, or 50) denotes the bulk
concentration in mg kg-1 of goethite added to the soil, and the letter (R = random,
L = layered) describes the goethite distribution. .............................................................. 60
Figure 7. Effluent pH in columns with (A) random and (B) layered distributions of
synthetic nanogoethite relative to pore volumes. .............................................................. 61
Figure 8. Concentrations of Pb (mg kg) in each fraction for unleached soil (AVG
CONTROL, n=3), and for each leached column soils (n=1). Bold value on top of
each column report the weight of Pb present in each soil prior to extraction.
Values acquired from a modified Tessier sequential extraction method .......................... 62
vii

Figure 9. SEM-EDS analysis of a layered paint chip within 200L column soil,
showing the distribution of (A) Pb, Si, and Ti, (B) Pb, Si, and Ca, and (C) Pb, Si,
and Fe. .............................................................................................................................. 64
Figure 10. SEM-EDS analysis within 50R. (A) backscattered electron image (B)
Pb, Si, and Fe, (C) Pb, (D) Pb, Ca, and Ti, (E) Pb, Mg, and Fe, (F) AL, Si, and
Na, (G) Ca, Si, and Al, and (H) Al, Si, and Fe.................................................................. 65

viii

LIST OF TABLES
CHAPTER 2: Total Pb and bioavailable Pb: a non-linear relationship ............................ 20
Table 1. Total Pb concentrations in soils on four properties in Burlington, VT,
showing predicted values by the model produced by Bower et al., 2017 next to
concentrations measured using XRF. ............................................................................... 32
Table 2. Fraction of total mass and bioavailable (BA) Pb (mg kg-1) for each
particle size fraction (m) for the four soils. The relationship between these two
numbers is displayed as the ratio of Pb fraction to mass fraction for each particle
size (m). ........................................................................................................................... 34
CHAPTER 3: Pb speciation in paint chips and the effect of microenvironments on
its mobility ........................................................................................................................ 44
Table 1. Recipe for synthetic rainwater used as the influent for column
experiments, adjusted to pH 3 with HCl, adapted from Wang et al. (2011). .................... 49

ix

CHAPTER 1: Introduction and comprehensive review of the literature
1.1 Introduction
Lead poisoning has been documented as far back as the Roman era, from the use
of Pb pipes, Pb-containing utensils, decorative pieces, and as a sweetener in fine wine
(Needleman, 2004; Papanikolaou et al., 2005). In modern times, Pb has been used as an
additive in paint, gasoline, and piping (Laidlaw and Filippelli, 2008). Lead-based paint
was commonly applied to structures built in the first half of the 20th century, until its use
tapered off in the 1950’s and its eventual ban in 1978 (Laidlaw and Filippelli, 2008).
Leaded gasoline production peaked in the early 1970’s, until EPA regulations sought to
phase it out for unleaded gasoline, rapidly decreasing production until it became
negligible in the early 1990’s (Laidlaw and Filippelli, 2008). At the height of Pb
manufacturing, most Pb poisoning cases involved adults who had been overexposed in
industrial settings, which has greatly reduced with the decrease in the manufacturing of
Pb products (Needleman, 2004). Regulations on Pb products have insured that continued
input of Pb into the environment is minimal, but the relative immobility of Pb in soils
(Scheckel et al., 2013), maintains a long-term source of Pb in the environment. The
stability of this legacy Pb has led to Pb poisoning endemic to children in areas that are
historically Pb impacted (Abdel-Samad and Watson, 1998; Needleman, 2004).
In soils and water, lead is generally present as a divalent cation (Pb2+), which
allows it to compete with Ca2+ in various capacities upon absorption by the
gastrointestinal tract (Needleman, 2004). Most Pb that is ingested is deposited in bone,
but it also accumulates in the blood and soft tissue, where among many deleterious
1

effects, it damages cellular RNA, inhibiting protein production (such as hemoglobin) and
gene expression (Papanikolaou et al., 2005; Shimoni-Livny et al., 1998). Of the many
locations in the body where Pb can be deposited, the most toxic effects stem from its
behavior in the central nervous system (Needleman, 2004), where it replaces Ca in
enzymes, altering neural signaling and neurotransmitter activity (Needleman, 2004). For
that reason, population undergoing cerebral development (mostly children) are most at
risk of deleterious effects of Pb poisoning. In addition, as the dominant Pb exposure
pathway is ingestion of Pb-bound soil or dust particles (Cao et al., 2003), it has been
shown that children are more likely to be exposed to Pb, due to their tendency to put their
dirty hands in their mouth, and because their digestive systems absorb a much higher
fraction of Pb than that of adults (Datko-Williams et al., 2014). Lead toxicity may
manifest itself as severe changes in behavior, seizures, or coma, among other symptoms,
including death (Needleman, 2004; Papanikolaou et al., 2005).
The residence time of Pb in the human body varies depending on where it is
deposited: lead deposited in soft tissue and blood disperses in the order of months,
whereas Pb deposited in bone can remain for decades (Papanikolaou et al., 2005). Testing
of blood lead levels (BLL) in children is important for assessing their exposure to Pb, and
in cases involving severe Pb poisoning (BLL > 40g/dL), chelation therapy has proven
effective in lowering BLLs, with some reversal of neurological deficits, but its
effectiveness in combating lower concentration chronic exposure is unknown (Flora et
al., 2007; Needleman, 2004). Median BLLs in children have been steadily decreasing
since the 1970s, when Pb regulations were put in place, but so has the CDC standard for
2

toxic BLLs (currently set at 5g/dL), as Pb has proven to have adverse effects even at
low concentrations (Henry et al., 2015; Ryan et al., 2004). The CDC notes that there is no
traceable BLL in children without deleterious effects and the 5µg/dL threshold represents
the 97.5th percentile of U.S. children age 1-5, leaving approximately half a million
children with elevated BLLs nationwide (Henry et. al., 2015, Centers for Disease Control
and Prevention, 2018).
In order to prevent Pb poisoning, the United States EPA has established
nationwide Pb soil concentration thresholds for toxicity. The current standard for
residential soils is 1,200 mg kg-1, and 400 mg kg-1 for children’s play areas (Henry et al.,
2015; Papanikolaou et al., 2005). These standards assume that the bioavailability, which
is defined by the EPA as the fraction of the consumed contaminant that is absorbed by the
gastrointestinal (GI) tract, is constant for all soils and Pb concentrations (EPA, 2008). In
2012, the BLL standard was decreased from 10 g/dL to the current 5 g/dL, but the soil
contamination standards have not been revisited by the EPA since (Bower et al., 2017;
CDC, 2012).
No unified remediation strategy currently exists for Pb contaminated soils, and the
most common practice is excavation of impacted soils and replacement with clean soil
(Henry et al., 2015). While effective, this method is not sustainable, as clean soil is a
limited resource, and soil excavation is often difficult and expensive in urban settings
(Henry et al., 2015). Various in-situ stabilization methods, involving phosphate, Fe oxide,
clay mineral, or organic soil amendments, have been proposed (Hettiarachchi and
Pierzynski, 2004; Scheckel et al., 2013). The most promising and extensively studied is
3

the use of phosphate to precipitate insoluble Pb-phosphate minerals, but no study has
been able to successfully replicate laboratory results in different soil environments
(Scheckel et al., 2013). Development of a unified in-situ approach is necessary to
sustainably remediate Pb contaminated soils worldwide, and it requires an understanding
of the geochemical processes that Pb species encounter in soils.

Figure 1. Factors influencing Pb bioavailability (A) the stability of Pb oxides,
carbonates, phosphates, and pyromorphite over a pH range of 3 to 11, from Hopwood et
al. (2002), (B) impact of mineral form, particle size, and rinding on Pb bioavailability,
from Ruby et al. (1999).
Previous work done in Burlington, VT has uncovered Pb soil concentrations well
above the EPA standards (up to 18,000 mg kg), with a bioavailable (i.e. toxic) fraction of
approximately 49% (Bower et al., 2017; EPA, 1994). Under near-neutral soil pH
conditions, most Pb species are insoluble (Abdel-Samad and Watson, 1998), but their
toxicity is primarily dependent on their stability at the low pH conditions (pH 1.5-3) of
the human GI tract (Cances et al., 2003). In soils, Pb is found in a variety of forms: as
surface complexes on negatively charged soil constituents, such as organic matter, clays,
and oxides, as well as in a suite of oxide, hydroxide, sulfate, phosphate and carbonate
4

minerals (Ruby et al., 1994). Of the many Pb adsorption complexes and mineral species
found in soils, Pb-phosphate minerals (such as pyromorphite: Pb5(PO4)3Cl) are the most
stable Pb species over a wide pH range, in particular that of the GI tract (Figure 1A;
Hopwood et al., 2002; Ruby et al., 1994). Phosphate (PO4) can effectively remove Pb
ions from aqueous solutions, as pyromorphite precipitation is kinetically favored
especially under increasingly acidic conditions, but the stability of Pb species in
heterogeneous soils hinders the release of solid phase Pb, and is often the limiting factor
for in-situ pyromorphite precipitation (Cao et al., 2008). Even given ideal conditions with
both Pb and PO4 present in solution, Pb will have to compete with other cationic species
for available PO4, and PO4 will have to compete with other anionic species for available
Pb, leading to incomplete pyromorphite precipitation (Hashimoto et al., 2009; Obrycki et
al., 2017), a process called competitive sorption.
Competitive sorption remains, to date, an unpredictable mechanism (Steefel et al.,
2005), yet it appears to largely control ion speciation in complex systems such as soils
(Echeverría et al., 1998; Nguyen et al., 2012; Shaheen et al., 2017). In soil systems,
competition occurs between cationic species for anionic species and vice versa within and
between the solid and the liquid phase (Echeverría et al., 1998). While it is accepted that
electrostatic interactions dictate the fate of an ionic contaminant (Bolan et al., 2014), very
little is known regarding the factors controlling the process. Models produced by Li et al.
(2007) have shown that the spatial relationship between a sorbent and a sorbate plays a
role, as it was determined that altering the distribution of reactive minerals significantly
impact reaction rates in porous media. This phenomenon could be an important factor
5

controlling heavy metal mobility in soils, and I hypothesize that 1) microenvironment
characteristics control Pb speciation and transport, and that 2) well-constrained
characterization of Pb sorption in such systems could provide experimental
constraints useful for accurate prediction of Pb behavior.
In order to test these hypotheses, I designed experiments with the objectives of 1)
investigating the relationship between microenvironment density and distribution
on Pb sorption in soil, and to 2) identify specific microscale controls on Pb
speciation, and 3) establish a link to macroscale impacts. Within its constraints, this
study constitutes a starting point for developing efficient sustainable remediation of Pb in
urban environments.
1.2 Literature review
1.2.1 Microenvironments and competitive sorption:
Contaminant behavior at the macroscale is representative of a series of chemical,
mechanical, and biological processes (Steefel et al., 2005). Systems that include
heterogeneous materials (i.e. soils) often exhibit variable geochemical behaviors along
the spectrum of pore to field scale. Geochemical modeling of these systems is often
inaccurate, since behaviors expressed in laboratory experiments often do not represent
field scale behaviors. This can be explained by the fact that macroscale behavior is an
expression of a complex series of highly localized reactions that occur at microscale
reactive surfaces (Steefel et al., 2005). These locations, defined as a sub-micron space
where the solution composition does not match the bulk soil solution, can be seen as
‘microenvironments’, a term coined by Steefel et al. (2005) and since generalized
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(Guthrie and Carey, 2015; Steefel and Maher, 2009). Although competitive sorption at
this scale is responsible for ion speciation in heterogeneous soils (Steefel et al., 2005), the
small size and low representative volume of microenvironments renders them difficult to
characterize..
Ion sorption triggers a series of competitive interactions between ionic species in
the aqueous and solid phase, which drives metal speciation and immobilization in soils
(Echeverría et al., 1998). As a result, mineral precipitation or surface adhesion of
dissolved species within pores changes the chemical reactivity of microenvironments, as
well as physical characteristics of the soil, by filling void space and/or decreasing
permeability (Noiriel et al., 2016; Steefel et al., 2005).

Figure 2. Amount of Pb adsorbed
to goethite surfaces in relation to
solution pH, with an adsorption
edge midpoint at approximately
pH 6, from (Abdel-Samad and
Watson, 1998).

Iron and manganese (Mn) oxides are among the most effective heavy metal
immobilizers in soils, due to their high surface area to volume ratio, as well as their
electrostatic properties (Abdel-Samad and Watson, 1998; Zhang et al., 1997). The
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negatively charged oxide surfaces attract Pb ions, resulting in stable surface complexes
(Villalobos and Pérez-Gallegos, 2008). This process only occurs, however, in specific
geochemical conditions. A study carried out by Abdel-Samad and Watson (1998),
reproduced by Villalobos and Pérez-Gallegos (2008) identified the affinity of Pb for
goethite (α-FeOOH), which is a common soil constituent over a variety of pH conditions.
It was determined that Pb-goethite surface complexes were quite stable in neutral pH
conditions. Decreasing pH, however, destabilized the complexes, the fraction of Pb
remaining in the solid phase decreasing rapidly from pH 5.15 to pH 4, where it became
undetectable (Figure 2). As the pH decreases, the density of H+ increases in solution,
which fill more of the adsorption sites on negatively charged surfaces (such as goethite)
in the solid phase, decreasing the affinity of the surface for cationic species, and
increasing the affinity for anionic (PO4) species in solution (Scheckel and Ryan, 2004). In
highly acidic environments, the surface of the goethite becomes positively charged, and
the Pb cations are desorbed (Hashimoto et al., 2009).
Most soil solutions are not acidic enough to prompt total desorption of Pb from its
mineral forms or adsorbed Pb from mineral surfaces, which renders many Pb species
immobile in the soil (Scheckel et al., 2013). However, precipitation of insoluble Pb
species requires that the Pb be released from its existing form. Most Pb species in soils
require acidic environments to dissociate, which is why Pb species that are immobile in
soils may still be bioavailable (Hopwood et al., 2002). Lead species that are stable in soil
conditions, but unstable in the highly acidic conditions of the human gastrointestinal (GI)
tract are bioavailable, and therefore toxic (Henry et al., 2015). Lead is found in soils
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adsorbed to metal oxides, as stated earlier, as well as organics and clays (Zhang et al.,
1997). It can also precipitate as phosphate, carbonate, and sulfate minerals (Cao et al.,
2008). The bioavailability of Pb depends on the stability of its species in the soil as well
as the acidic conditions of the GI tract (Cances et al., 2003).
1.2.2 Pb remediation strategies:
The key to successful Pb remediation of soils is the decrease of its bioavailability.
There are multiple factors that control the bioavailability of Pb species. Some physical
factors can decrease the bioavailability of Pb, such as an increase in particle size, or the
presence of a physical barrier (such as a quartz rind), but the controlling factor is the
chemical properties of the Pb mineral or surface complex (Figure 1B; Ruby et al., 1999).
Among mineral phases, Pb-oxides have proven to be the least stable, followed by
carbonates then phosphates. Pyromorphite [Pb5(PO4)3(Cl, F, Br, OH)] is one of the only
Pb phase that is still relatively stable under pH 4 conditions (Hopwood et al., 2002)
(Figure 1A). Sustainable remediation of Pb contaminated soils would require that Pb be
immobilized in-situ, which is possible if the bioavailable fraction is rendered inert.
There has been extensive development of phosphate immobilization techniques to
sustainably remediate Pb impacted soils and waters. Analysis of Pb mineral solubility has
shown that pyromorphite, as well as galena (PbS) and wulfenite (PbMoO4), are highly
stable even in low pH conditions (Porter et al., 2004; Scheckel et al., 2013). Galena is a
common lithogenic Pb ore, but it oxidizes to the less stable anglesite (PbSO4) upon
exposure to air, and alteration of available Pb to wulfenite would require the addition of
toxic molybdenum (Mo) to the soil (Porter et al., 2004; Scheckel et al., 2013). This leaves
9

pyromorphite as the only suitable option for remediation, as the stability of pyromorphite
actually increases over time (Scheckel and Ryan, 2002), and phosphate amendment is
already a relatively safe and common practice (Scheckel et al., 2013).
The formation of pyromorphite is kinetically favorable and occurs rapidly given
the right concentrations of Pb and P (Cao et al., 2003). The ideal ratio of Pb to P in the
pyromorphite structure is 5:3 (Hashimoto et al., 2009; Porter et al., 2004), but application
of P must greatly exceed this ratio (Park et al., 2011; Scheckel et al., 2013). As is the case
with Pb, a series of factors determines P speciation. Cationic species in the soil compete
with Pb, and may immobilize P as insoluble Fe, Al, Mn, or Ca phosphate minerals, or P
can be immobilized via adsorption onto positively charged surfaces (Scheckel et al.,
2013). The type of P species also plays a significant role in altering Pb species and soil
solution pH, and there has been a series of soluble (e.g. phosphoric acid), moderately
soluble (e.g. Ca-phosphates), and insoluble (e.g. apatite) P amendments applied to Pb
contaminated soils (Park et al., 2011).
Insoluble P amendments tend to have less impact on the soil environment, but
their stability limits the amount of PO4 available for pyromorphite precipitation, so
soluble P amendments have proven more effective (Park et al., 2011). The dominant
soluble P species are orthophosphates, which speciation evolves with solution pH (Park
et al., 2011; Scheckel et al., 2013): Below a pH of 2.12, it occurs as phosphoric acid
(H3PO4), then as H2PO4- between pH 2.12 and 7.21, both of which react readily with Pb
to form pyromorphite (Scheckel et al., 2013). The use of phosphoric acid as a soil
amendment has shown promise, but it can significantly acidify the soil solution, which
10

can be harmful to local biota, and could contaminate local water sources (Henry et al.,
2015; Park et al., 2011; Scheckel et al., 2013).
Acidification of the soil solution is most likely necessary to induce complete
transformation of Pb into pyromorphite, as acidification allows Pb ions to be released
from species that are insoluble in higher pH conditions, as well as dissolution of solid
phase P amendments (i.e. apatite) or to maintain solubility of amendment solution
(Hashimoto et al., 2009). In acidic conditions, however, P is likely to be a limiting factor
in pyromorphite formation, as oxide and clay mineral surfaces become positively charged
in acidic conditions due to the influx of hydrogen ions in solution. This increases the
capacity of the soil to immobilize P anions, which decreases the amount available to
associate with Pb (Hashimoto et al., 2009). This particular interaction, or competitive
sorption, is a central aspect of my thesis.
There has been a wide spectrum of results published regarding the effectiveness
of different P amendments in transforming Pb into pyromorphite. The heterogeneity of
soils is a likely culprit for some of this disparity, but the choice of analytical methods
used to determine the amount of pyromorphite present in soils also plays a role. Studies
that employ sequential extraction versus synchrotron-based speciation methods (XRF,
XRD, XAS) likely estimate different pyromorphite concentrations produced in soils
(Hashimoto et al., 2009; Scheckel et al., 2013; Scheckel et al., 2003; Scheckel and Ryan,
2004). Sequential extraction procedures fractionate Pb into three to six categories
depending on the method used and are unable to identify specific mineral species.
However, accounting for methodological limitations, they can provide quantification of
11

reactive pools of Pb under variable conditions, which can provide necessary evidence of
redistribution of Pb between fresh and leached soils (Scheckel et al., 2013). As
contradictory as the results of many of these studies are, an important aspect to keep in
mind is that most studies that have been successful in immobilizing Pb with P were
laboratory studies, and their results have not been proven at the field scale (Scheckel et
al., 2013). Laboratory conditions are inevitably a simplification of environmental
conditions found in natural systems, so an immobilization technique would not be viable
unless it is proven effective at a contaminated site.
In summary, the immediate factors impacting pyromorphite formation are the
release of Pb from its initial form, the dissolution of P from the amendment, and their
interaction to precipitate pyromorphite (Hashimoto et al., 2009), but the heterogeneity of
soils adds further complexity to the conceptual model of the drivers of Pb transformation
in soils. Outside factors play an equally important roll, and as stated earlier, charged
particles such as clays, organic matter, and metal (hydr)oxides significantly impact
speciation of ions in solution via competitive sorption, although how they impact
pyromorphite formation specifically is not entirely known.
1.2.3 Pb contamination in urban soils:
Soil Pb analysis performed by Henry et al. (2015) in Toledo, Ohio showed that
soils below the EPA’s contamination threshold for a residential play area (400 mg kg)
may still pose a significant threat to BLLs in children. The authors found that 8.6% of
their samples were over 400 mg kg-1 total Pb, but 28.4% of their samples were predicted
to elevate BLLs over 5 g dL-1 using the EPA’s Integrated Exposure Uptake Biokinetic
12

Figure 3. (A) Pb distribution predicted using a kriging model, based on total Pb
concentrations (determined with XRF) of 509 soil samples from the Burlington, VT area,
(B) 95 of which were analyzed for bioavailable Pb. From Bower et al. (2017).

Figure 4. (A) Synchrotron-based XRF map of a Burlington, VT soil. The green
signature is Pb, the blue is Zn, and the red is Fe. Two points were analyzed for speciation
using XRD and were determined to be hydrocerussite in the middle of a paint chip
(XRD spectrum shown in (B)), and Anglesite (XRD spectrum shown in (C)). From Bower
(2017).
(IEUBK) model, which suggests that accepting the EPA’s nationwide contamination
standard may ignore the reality that Pb behaves differently in different soils (Henry et al.,

13

2015). In reality, the bioavailable fraction of Pb will vary from soil to soil, implying that
a full characterization is necessary at each contaminated site.
Bower et al. (2017) analyzed soils in Burlington, Vermont (Figure 3), and
uncovered alarming Pb concentrations (up to 18,000 mg kg-1) stemming from the
historical use of Pb-based paint. Synchrotron-based XRF and XRD analyses shed light
on the speciation of Pb in these soils with hydrocerussite (Pb3(CO3)2(OH)2) found
associated with Pb paint chips, and anglesite (PbSO4) detected in the soils as well (Figure
4) (Bower, 2017). The presence of hydrocerussite as a primary phase in Pb paint is
significant, because in acidic conditions, it is less stable than most Pb mineral forms
(Hopwood et al., 2002; Ruby et al., 1999), which would result in higher bioavailable Pb
fractions in cities with substantial history of Pb paint use. Bower et al. (2017) used the
EPAs in-vitro bioaccessibility technique (test method 1340; EPA, 2008) to determine the
bioavailable fraction of total Pb in Burlington soils. These data were then fed to the
EPA’s IEUBK model to determine the amount of Burlington soil Pb required to increase
a child’s BLL above the CDC toxicity threshold (5 g dL-1), and it was determined that
the contamination standard in Burlington, VT should be lowered from 400 mg kg-1 to 360
mg kg-1 (Bower et al., 2017). These results emphasize the fact that Pb behavior is not
universally consistent and that local characterization of soils is necessary for Pb impacted
areas.
Legacy Pb contamination has been extensively studied in urban environments
outside the United States as well. In Naples, Italy, chronic Pb contamination starting as
far back as the Roman era, accentuated by modern industrial practices, gasoline
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combustion, and weathering Pb-based paint, has resulted in the majority of sampled soils
(62%) being over the Italian contamination threshold of 100 mg kg-1 (Albanese and
Cicchella, 2012). Similarly, soil contamination in London, England has an equally
expansive legacy (approximately 2,000 years), resulting in approximately 80% of soil Pb
being sourced from anthropogenic practices (Ludden et al., 2015). Anthropogenic Pb
contamination is truly ubiquitous, and has also been problematic in Australia (Cattle et
al., 2002; Laidlaw et al., 2018), Asia (Duzgoren-Aydin et al., 2004; Li et al., 2017; Liu et
al., 2005), Africa (Ikenaka et al., 2010; Monna et al., 2006; Rankin et al., 2005), South
America (Bosso and Enzweiler, 2008; Cunha et al., 2005; Reuer et al., 2012), and even
Antarctica (Claridge et al., 1995). Urban soils, due to industrial activity and population
density, have become contaminant sinks worldwide, and Pb is among the most
widespread (Albanese and Cicchella, 2012). Current remediation strategies are either
unsuccessful or unsustainable, and development of a unified in-situ approach will require
understanding of Pb behavior from the microscale to the macroscale.
This thesis aims to investigate Pb behavior at the macroscale and microscale as it
relates mobility and bioavailability. The work done by Bower (2017) provides much of
the framework for this project. With that respect, Chapter two is a continuation of work
done by Bower et al. (2017), regarding Pb distribution in Burlington, Vermont, and the
relationship between total and bioavailable Pb in the bulk soil, as well as within particle
size fractions. The column experiments presented in Chapter three were performed using
the same soil that was used for their column experiments. This part of the study aimed to
establish the impact of microenvironment density and distribution in soils on Pb mobility.
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CHAPTER 2: Total Pb and bioavailable Pb: a non-linear relationship
Grant W. Reeder, Amanda Rossi, Landon Williamson, Katelyn Czyzyk, Nicolas Perdrial
Abstract
Lead (Pb) is legacy contaminant present worldwide, a result of over 2,000 years
of use in a variety of capacities as civilization evolved. Soil concentration standards vary
nation to nation, and the U.S. EPA has established thresholds of 400 mg kg-1 for
residential play areas and 1,200 mg kg-1 for non-play areas. It is well documented that
ingestion is the dominant exposure pathway, and that children are the most susceptible to
the toxicity of soil Pb, due to their undeveloped gastrointestinal system, their propensity
for hand-to-mouth behavior and high cellular replication. The CDC has noted that there is
no traceable Blood Pb Level (BLL) in children without adverse effects but set an elevated
BLL threshold at 5 µg/dL based on the 97.5th percentile of U.S. children. EPA thresholds
were established assuming that the bioavailable (i.e. toxic) fraction of total Pb in soils is
consistent. In reality, soils are heterogeneous and the geochemical behavior of Pb is a
direct function of the properties of the media in which it is contained. Parts of Burlington,
VT have substantial legacies of Pb paint use, and previous work performed by Bower et
al., 2017 determined that the average bioavailable fraction of soil Pb (0.49) in Burlington
would correspond to BLLs over the CDC threshold as modeled by EPA’s IEUBK model.
This suggests that Burlington soils are, on average, more toxic than assumed, and that the
contamination threshold should be lowered (Bower et al., 2017 present 360 mg kg-1 as the
suggested figure). Our study continues this work with the goal of further delineating the
relationship between total and bioavailable in Burlington soils. Surface soil samples were
taken from residential yards, which were subsequently analyzed for total Pb (using XRF)
and bioavailable Pb (using EPA test method 1340), and added to the dataset compiled by
Bower et al., 2017. Significant change did not occur in the average bioavailable fraction
(0.47), but partitioning the data above and below a Pb concentration threshold showed
that soils with lower total Pb (<1500 mg kg-1) had a substantially higher bioavailable
fraction (0.62) than soils with higher total Pb (0.47). Grain size fractionation and in vitro
digestion showed that soils with lower total Pb have a disproportionately high fraction of
bioavailable Pb in the finest fractions. This suggests that the disparity in bioavailability
between low and high total Pb soils results from predominantly fine fraction Pb in low
total Pb soils. These results are paramount, for assuming the toxicity of Pb-contaminated
soil based on a single bioavailable fraction would be underestimating the risks associated
with lower total Pb soils.
2.1 Introduction
Lead is a cumulative toxin plaguing many urban environments (Laidlaw and
Filippelli, 2008), and no unified remediation strategy currently exists. In 2001, the United
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States Environmental Protection Agency (EPA) designated contamination standards for
residential soils (1,200 mg kg-1), as well as play areas (400 mg kg-1; Henry et al., 2015),
assuming a consistent relationship between total Pb and bioaccessible Pb for soils
nationwide. The Centers for Disease Control (CDC) has determined blood lead level
(BLL) thresholds based on the 97.5th percentile of American children (although there is
no detectable amount of Pb without toxic effects in children) (Henry et al., 2015), which
was lowered from 10 μg dL-1 to 5 μg dL-1 in 2012, and is expected to continue to
decrease (Bower et al., 2017; CDC, 2012; Henry et al., 2015). It is important to note that
the EPA standards for soils have not been amended since the CDC lowered the BLL
threshold (Bower et al., 2017), which likely results in the underestimation of Pb
concentrations required to manifest toxic effects. In some countries, actionable thresholds
are much lower, for example Italy, where 100 mg kg-1 is the limit for residential play
areas, and 1,000 mg kg-1 is the limit for soils in industrial areas, notably 200 mg kg-1 less
than the standard for residential soils in the United States (Albanese and Cicchella, 2012;
Cicchella et al., 2008; Tóth et al., 2016).
Filippelli et al. (2005) reported that the majority of childhood Pb poisoning cases
in the USA occur in low income urban communities. Approximately 2.2% of US children
have elevated BLLs, but 15% of children living in cities have been impacted by lead
poisoning, which was published prior to the lowering of the BLL threshold (Filippelli et
al., 2005). Lead is present in urban soils due to particulate deposition from leaded
gasoline combustion, or the weathering of Pb-based paint on old houses (Henry et al.,
2015); Schwarz et al. (2012) investigated the spatial distribution of Pb in relation to urban
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landscape features (structures, roads, trees, and lawns); They found that the driving
factors of Pb concentration in soils are the nature of the source of contamination (paint or
tetraethyl Pb from gas) and the proximity to the source (structures or roads). Lead
contamination surrounding roads appeared to be more widely spread, because the smaller
particle size in vehicle exhaust allows Pb particulates to be carried further, as far as one
kilometer away. Soil contamination sourced from Pb paint resulted in localized, high
concentrations within just a few meters of structures. This is likely a function of a larger
particle size, and the ability of soil constituents to rapidly immobilize Pb that leaches into
the soil solution in moderate pH conditions (Hettiarachchi and Pierzynski, 2004; Schwarz
et al., 2012). Schwarz et al. (2012) also noted that Pb-containing dust particles have an
affinity to adhere to structures, which can eventually settle in the surrounding soil,
allowing anthropogenic Pb to be deposited around buildings not necessarily painted with
Pb paint.
It is well established that Pb is highly immobile in soils (Scheckel et al., 2013), so
even when present in significant concentrations, there is rarely substantial transport from
its point of deposition (Abdel-Samad and Watson, 1998). Bower et al. (2017) found
differences in soil Pb concentrations of over 4,000 mg kg-1 in samples taken within a
couple meters of each other, highlighting that Pb is distributed in hot spots in urban
environments, and that high-resolution sampling is required for accurate spatial modeling
and risk analysis of contaminated soils. As a result, while the many studies that aim to
display the distribution of Pb contamination in soils on the city (or larger) scale are
essential for identifying areas of concern, it appears that the extent of Pb distribution
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must be surveyed on the parcel to community scale to establish accurate contamination
zones.

B

A

Figure 1*. (A) Relationship between total and bioavailable Pb (n=95. A linear
regression through the data predicts that the bioavailable fraction is 49.12% of total Pb.
In-vitro bioaccessibility (IVBA) was determined using EPA method 1340. This value was
used to calculate the relative in-vivo bioavailability (RBA). (B) Pb distribution predicted
using a kriging, based on total Pb concentrations (determined with XRF) of 509 soil
samples from the Burlington, VT area From Bower et al. (2017) – *To be removed prior
to submission for publication
Soils in Burlington, Vermont are heavily impacted by Pb contamination,
principally due to the historic use of Pb-based paint. Work done by Bower et al. (2017)
helped characterize the extent and severity of Pb contamination in the Burlington area.
Soil sampled at residences, analyzed for total and bioavailable Pb to determine their
toxicity relative to the EPA standards, showed that 39% of residential soils exceeded the
EPA guidance limit for non-play areas (1,200 mg kg-1) and that approximately 50% of
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Burlington soil Pb is bioavailable (figure 1A). The relative bioavailability (RBA) value,
determined using EPA test method 1340 (EPA, 2008) was applied to the EPA’s
integrated exposure uptake biokinetic model IEUBK (EPA, 1994), which predicts
plausible distribution of BLL in children expose to soil Pb .It was determined that the
Burlington standard should be lowered to 360 mg kg-1 from the EPA’s 400 mg kg-1 to
account for the recent drop in BLL thresholds. Based on this assessment the authors
produced a predictive spatial model for total Pb concentrations in Burlington soils using a
kriging interpolation method (Figure 1B).
The study by Bower et al. (2017) is one of many (Davis et al., 1992; Mielke et al.,
2007; Stewart et al., 2014; Zahran et al., 2011) that predict or report toxic effects
stemming from soil Pb contamination in concentrations below the EPA threshold of 400
mg kg-1, which means that Pb bioavailability is not constant in all soils. The
bioavailability of Pb is primarily dependent on the solubility of its species in the acidic
conditions of the human gastrointestinal system, but is also influenced by physical
factors, such as particle size, and physical occlusion through rinding (Hopwood et al.,
2002; Ruby et al., 1999). Toxicity has also been observed to vary with climatic
conditions: for example, Laidlaw et al. (2005) studied seasonal variability in three Pb
impacted cities (Indianapolis, IN; Syracuse, NY; and New Orleans, LA), and found that
children’s BLLs increase drastically in dry, warm months. They concluded that soil
moisture stabilizes the soil, and when soils dry, the finer Pb dust particulates can be
resuspended by wind.
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The IEUBK model predicts BLLs with a series of parameters, all of which are
provided with default values (EPA, 1994). Specifically, an absolute bioavailability of
30% is assumed as the default, although it is noted that this value should be taken with
caution (EPA, 1994). While most studies adjust the default settings within the model
(Caravanos et al. (2013); Laidlaw et al. (2005); Li et al. (2016); O'flaherty (1998), to
name a few), they base their risk assessment on a single bioavailable fraction value,
Mielke et al. (2007) found that the relationship between total Pb in soils and BLL in
children is not consistent, even in the same locality (New Orleans, LA). They report that
soils at the EPA threshold of 400 mg kg-1 corresponded to a median BLL value of 5.5
g/dL in children, which is over the CDC threshold. They related total soil Pb to BLL in
children and discovered that small increases in soils with lower total Pb concentrations
(under the EPA threshold) corresponds to a significantly higher increase in BLL than
soils with higher total Pb. Whether this is due to geochemical or biological factors, this
observed non-linearity between total Pb and Pb exposure in children highlights the
propensity of soils below 400 mg kg-1 total Pb to significantly threaten public health.
Based on these observations, it seems that risk assessment based on a single bioavailable
fraction may be inaccurate for soils with a wide range of total Pb concentrations.
Results from Mielke et al. (2007) (Figure 2) are supported by work done by
Zahran et al. (2011), who suggest that the relationship between total and bioavailable Pb
is curvilinear, not linear, where the bioavailable fraction is higher in lower total Pb soils.
This theory is supported further by Kumpiene et al. (2017), who conclude that the
bioavailability of metals cannot be assumed based on a single value. Given the same Pb
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source in soils from the same location, a mechanism other than speciation must be
responsible for the observed nonlinearity between total and bioavailable Pb. It has been
observed in previous studies that particle size affects Pb bioavailability (Goix et al., 2016;
Mercier et al., 2002), particularly smaller particles will be more bioavailable than larger
particles of the same weight, because solubility rate increases with higher surface area
and larger particles may not be completely dissolved in the constrained amount of time in
the digestive system (Ruby et al., 1999; Scheckel et al., 2013). We hypothesize that
variation in Pb bioavailability in soils from the same locality is a result of the particle size
of Pb species, because the surface area of particles increases exponentially with
decreasing particle size, and it has been established that increasing reactive surface area
increases reaction rates (Helgeson et al., 1984; Ruby et al., 1999).

Figure 2*. Relationship between
median soil Pb (mg kg) and BLL
(g/dL) in children, in New
Orleans, LA for seven years
between 1995 and 2005. From
Mielke et al. (2007).
*To be removed prior to
submission for publication

The work done by Bower et al. (2017) provides much of the framework for this
research. The objective of this research is to further refine and test the predictability of
the Burlington soil Pb spatial model, and further analyze the relationship between total
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and bioavailable Pb in Burlington, VT. Here, we test the hypotheses that 1) highresolution soil sampling is necessary for accurate Pb distribution data, as Pb soil
contamination is generally constrained to the location of deposition, due to its
geochemical stability in soils, and 2) that, unlike generally assumed, the bioavailability of
Pb is not necessarily a linear function of total Pb. These hypotheses were tested by
sampling soils in the Burlington, VT area, analyzing them for total Pb and bioavailable
Pb within the bulk soil, as well as within particle size fractions, and adding them to the
predictive geospatial model produced by Bower et al (2017).
2.2 Materials and Methods
Eighty-four residential soil samples were collected from the top 10 cm using a
bucket auger, and added to the existing dataset compiled by Bower et al. (2017) (total n =
593). At a given property, at least two samples were collected proximal (within 1 m) to
each side of any structures present, as well as one or two controls further removed from
buildings (more than 3 m away). The soils were air-dried, and sieved at 2 mm in
preparation for total Pb and bioavailable Pb analysis. For determination of total Pb
content, samples were ground and homogenized with a ball mill, and quantitative
elemental data acquired using a Thermo Scientific Niton XL3T XRF Analyzer. Total Pb
values were then attributed to their corresponding georeferenced sampling locations, and
added to the Burlington, VT GIS shapefile accumulated by Bower et al. (2017). Lead
distribution was predicted in ArcGIS using the same kriging interpolation method as
described in Bower et al (2017), which predicts values using Pb concentrations from
proximal sample points, under the assumption that closer points are more similar than
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points further away (Matheron, 1963). Our spatial model was compared to the one
produced by Bower et al. (2017), and the variations extracted by difference maps to
assess model accuracy. Bower et al. (2017) discussed that their Pb model was not an
accurate representation of actual Pb distribution in soils, but rather that it provides
prediction of higher risk areas for near structure contamination in the Burlington area. We
produced our model with the same goal.
The EPA’s in-vitro bioaccessibility method (test method 1340) (Epa, 2008) was
used to extract the bioavailable fraction of soil Pb from each of our samples, where 1 g of
soil was suspended in a pH 1.5 synthetic glycine solution (analogue to human digestive
fluids), and agitated for one hour at 37C in a shaking incubator (simulating conditions of
human GI tract). The extraction fluid was then filtered using a 0.45 m nylon syringe
filter for ICP-OES analysis (JY Ultima II). In-vitro bioaccessible (IVBA) and relative invivo bioavailable (RBA) Pb were calculated from these results. The U.S. EPA’s IEUBK
model was used to estimate the soil Pb concentration corresponding to the BLL threshold
of 5 µg dL-1. The EPA estimates the absolute bioavailability of soil Pb to be one half of
the soluble fraction, so the soil bioavailable fraction used in model simulations was half
the RBA value, and all of the other parameters were left as default (EPA, 1994; Bower et.
al., 2017). Model parameters for Pb bioavailability were established using EPA Test
Method 1340.
Four samples, with total Pb values ranging from 400 mg kg-1 to 11,250 mg kg-1,
were separated into five particle size fractions (0 – 125 m, 125 – 350 m, 350 – 710
m, 710 – 1,000 m, 1,000 – 2,000 m), to determine the relationship between particle
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size and Pb bioavailability. Each size fraction was digested using the EPA method 1340
and analyzed for Pb using ICP-OES. ICP results were corrected for the weight fraction
represented by each particle size.
2.3 Results:
2.3.1 Total Pb and bioavailability:
Total and bioavailable Pb values from samples collected during this study were
added to the existing data set from Bower et al. (2017), which changed the predicted
bioavailable fraction based on a linear regression only slightly, from 0.49 to 0.47. In both
cases, the R2 value assumes a very close correlation to the data (0.96 for Bower et al.
(2017), 0.97 after we added our data points), but closer investigation suggests that this
relationship isn’t as simple as it appears. Partitioning the data between a relatively lower
range (<1,500 mg kg-1) and a relatively higher range (>1,500 mg kg-1) of total Pb values
show that there is a substantially higher bioavailable fraction in lower total Pb soils
(Figure 3). The cutoff of 1,500 mg kg-1 was established to include soils with Pb
concentrations close to the EPA residential soil threshold of 1,200 mg kg-1 in the lower
range. The difference between the predicted bioavailability for the entire dataset and the
higher total Pb soil is negligible (0.470 and 0.469, respectively), but the lower total Pb
soil fraction is substantially higher, by approximately 0.15. A linear regression predicts a
bioavailable fraction in soils with <1,500 mg kg-1 Pb of 0.62 (R2 = 0.90), in contrast to
0.47 (R2 = 0.96) for soils with >1,500 mg kg-1 Pb. IEUBK modeling using an RBA value
of 0.62 reveals that soils with Pb concentrations over 320 mg kg-1 total Pb would cause
BLLs in children over 5 µg dL-1.
29

A

B

C

Figure 3. Relationship between total and bioavailable Pb for soils (A) under 1500 mg
kg-1 total Pb, (B) over 1500 mg kg-1 total Pb, and (C) for the entire dataset
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Figure 4. (A) Total Pb distribution predicted using a kriging, from Bower et al. (2017),
and (B) predicted total Pb distribution after our sample sites were added to the dataset.
(C) The extracted difference between the two krigings, where the colors represent the
magnitude of difference on a relative scale.
Table 1. Total Pb concentrations in soils on four properties in Burlington, VT, showing
predicted values by the model produced by Bower et al., 2017 next to concentrations
measured using XRF. Blue numbers indicate measured values were lower than predicted,
and red numbers indicate measured values were higher than predicted.
North Union
Predicted
Measured
200 – 360
539
200 – 360
302
200 – 360
966
200 – 360
776
200 – 360
1,138
200 – 360
2,410
200 – 360
990
200 – 360
299
200 – 360
21

Murray
Predicted
Measured
200 – 360
597
200 – 360
1,139
200 – 360
922
200 – 360
246
200 – 360
213
200 – 360
1,233
200 – 360
472
200 – 360
608

St. Paul
Predicted
Measured
100-200
136
100-200
497
100-200
100
100-200
93
100-200
200
100-200
51
100-200
170
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Van Patten
Predicted
Measured
0
bdl
0
bdl
0
bdl
0
bdl
0
bdl
0
bdl

2.3.2 Geospatial modeling:
Soil sample sites were georeferenced in ArcGIS, and added, along with their
corresponding total Pb concentrations to the shapefile for Burlington soil samples
produced by Bower et al. (2017). Total Pb distribution was predicted using kriging, and
comparison of the two models show that the one from Bower et al. (2017) actually
underestimates Pb contamination in many locations (Figure 4). This is highlighted by
Table 1, which shows expected total Pb concentrations based on Bower et al. (2017) and
measured total Pb concentrations for each XRF-analyzed sample taken during our study.
Comparison of the two values shows measured concentrations far exceeding the
predicted values.
2.3.3 Grain size bioavailability:
The bioavailability of five size fractions of four soil samples with 11,250, 4,431,
1,233, and 472 mg kg-1 total Pb (A, B, C, D respectively – Table 2) was analyzed to
determine the mechanism responsible for nonlinearity between total and bioavailable Pb.
The two samples with relatively lower total Pb were chosen due to their proximity to
residential EPA thresholds (400 mg kg-1 and 1,200 mg kg-1), and the two samples with
higher total Pb concentrations were chosen to show the relationship between total Pb,
particle size, and bioavailability over a wide range of total Pb values. Particle size
fractionation revealed that the soils were dominated by 350 – 710 m or 125 – 350 m
size fractions which, combined, accounted for approximately 77%, 67%, 71%, and 65%
of the four soils. Particles smaller than 125 m accounted for at most 15% of the soil, and
particles larger than 710 m accounted for at most 30% of the soils (Table 2).
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The relationship between particle size and bioavailability was explored by relating
the fraction of bioavailable Pb present in each particle size range to its representative
weight fraction of the soil. The fraction of bioavailable Pb represented by each particle
size was not always consistent with weight fractionation (Table 2). For example, the 0 125 m fraction always contributed a large fraction of total bioavailable Pb relative to its
representative mass fraction. To quantify the difference between the representative Pb
fraction and weight fraction, the ratio of the two values (Pb fraction/weight fraction), was
computed and is reported in Table 2 as well. A value above 1 indicates that that particle
size range contains a higher fraction of the total bioavailable Pb than the weight fraction
it represents in the soil, and vice versa. For simplicity, results are always be presented in
order of ascending grain size (0 – 125 m, 125 – 350 m, 350 – 710 m, 710 – 1,000
m, 1,000 – 2,000 m).
Table 2. Fraction of total mass and bioavailable (BA) Pb (mg kg-1) for each particle size
fraction (m) for the four soils. The relationship between these two numbers is displayed
as the ratio of Pb fraction to mass fraction for each particle size (m).
Sample
Total Pb
Bioavailable Pb

A
B
C
11,250
4,431
1,233
5,277*
2,079*
741
Mass
BA Pb
Mass
BA Pb
Mass
BA Pb
Fraction Fraction Fraction Fraction Fraction Fraction
0.12
0.19
0.15
0.21
0.09
0.22
0-125 m
0.41
0.36
0.31
0.25
0.34
0.34
125-350 m
0.36
0.25
0.36
0.22
0.37
0.21
350-710 m
0.07
0.09
0.10
0.14
0.11
0.10
710-1000 m
0.04
0.11
0.08
0.18
0.09
0.12
1000-2000 m
BA Pb/Mass Ratio BA Pb/Mass Ratio BA Pb/Mass Ratio
1.62
1.40
2.60
0-125 m
0.87
0.81
0.99
125-350 m
0.71
0.61
0.57
350-710 m
1.36
1.44
0.92
710-1000 m
2.38
2.18
1.36
1000-2000 m
*Bulk soil was not digested, figure represents estimate based on 0.4691 BA fraction
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D
472
297
Mass
BA Pb
Fraction Fraction
0.05
0.16
0.25
0.41
0.40
0.24
0.16
0.10
0.14
0.09
BA Pb/Mass Ratio
3.21
1.64
0.60
0.61
0.66

To summarize the results, the 0 – 125 m particle size Pb fraction was relatively
consistent for the four soils, which represented between 16% and 23% of the total Pb.
The 125 – 350 m fraction always carried the highest fraction of bioavailable Pb (24% 41%), usually followed by the 350 – 710 m fraction (21% - 26%). The 710 – 1,000 m
(9% - 15%) and 1,000 – 2,000 m (9% - 18%) fractions always accounted for the least
amount of bioavailable Pb in the soils. Regarding the Pb to mass ratios, the 0 – 125 m
range always had a value over 1, with ratios of 1.62 and 1.4 for A and B, respectively,
and 2.6 and 3.21 for C and D, respectively. The 125 – 350 m ratio was similar for A, B
(0.87 and 0.81, respectively), and not substantially different from C (0.99). The ratio for
D for this size fraction was much higher, however, at 1.64. The Pb to mass ratio for the
350 – 710 m size fraction was between 0.57 and 0.71 for each soil. For A and B, the 710
– 1,000 m soil had a Pb to mass ratio over 1 (1.36 and 1.45, respectively), and the 1,000
– 2,000 m soil has a ratio over 2 (2.38 and 2.18, respectively). In contrast, for the C and
D soils, the 710 – 1,000 m soil has a Pb to mass ratio under 1 (0.92 and 0.61,
respectively), and a significantly lower ratio in the 1,000 – 2,000 m soil (1.36 and 0.66,
respectively).
2.4 Discussion
2.4.1 Total vs. bioavailable Pb:
The observed non-linearity between total and bioavailable Pb has significant
implications and should be considered for policy developments. The predicted fraction of
0.47 for the entire data set is identical to the value for soils with >1500 mg kg-1 total Pb
(0.47), but it is apparent that this regression line is heavily influenced by higher total Pb
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soils with lower bioavailable fractions, as soils with < 1500 mg kg-1 total Pb have a
predicted bioavailable fraction 0.62. It could be argued that 0.47 fraction is a good
statistical fit (R2 = 0.97), but it clearly does not represent the best fit for lower total Pb
soils. Notably, the lower range alone (0 – 1500 mg kg-1) appears more scattered and has a
lower R2 than the dataset as a whole but is important to note that R2 will greatly increase
with a larger data range. In addition, risk assessments of toxic contaminants have no
room to be conservative to ensure public health, so the worst-case-scenario model should
be used to establish remediation goals. This supports the work done by Mielke et al.
(2007), who showed that BLLs in children were much more sensitive to increases in total
Pb in soils with less than 300 mg kg1- Pb (Figure 2). This nonlinearity suggests that the
toxicity of soils with lower Pb concentrations is generally underestimated, and we
hypothesize that it must be related to Pb speciation or physical factors, such as particle
size.
2.4.2 Influence of particle size to Pb bioavailability:
The surface area of particles increases exponentially as they are divided into
smaller pieces with decreasing particle size, and it has been established that increasing
the reactive surface area increases reaction rates in soils (Helgeson et al., 1984; Ruby et
al., 1999). For a process such as human digestion, there is a relatively invariable
residence time when Pb can desorb from soil species and be absorbed by the GI tract, so
Pb species that are not stable in the acidic gastric fluids may not dissociate completely if
dissolution rates are not high enough (Ruby et al., 1999). Due to this, bioavailability is
diminished if Pb is present in larger particles with less reactive surface area.
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Digestion of five particle size fractions of four Burlington, VT soils with different
total Pb concentrations supports this theory. The contribution of each particle size range
to the total bioavailable Pb in the soil is presented as the ratio between their
representative Pb fraction and mass fraction (Table 2). Simply put, a value over one
suggests that the particle size range in question contributes a proportionally larger
fraction of bioavailable Pb than would be expected based on its weight fraction in the
soil, and a value under one suggests that it contributes less than expected. It is not
coincidental that the most disproportionately high bioavailable Pb to mass ratios for the
two soils under the 1,500 mg kg-1 total Pb threshold are in the 0 – 125 m particle size,
and in contrast, in the 1000 – 2000 m soil for the two soils over the 1,500 mg kg-1
threshold. Namely, our data suggest that most of the Pb is present in finer fractions in low
total Pb soils, while accumulation of large Pb-rich particles greatly increases the bulk
total Pb soil concentration in high total Pb soils.
These results show that the size of Pb-bearing particles is significant regarding Pb
bioavailability. The four soil samples are essentially homogenous regarding mass
distribution, but total and bioavailable Pb appear to be a function of particle size. This is
not new, as previous work (Goix et al., 2016; Mercier et al., 2002) has shown that Pb
bioavailability is related to particle size, where smaller particles will dissociate quicker,
due to a higher reactive surface area (Ruby et al. 1999). Our results show that the most
bioavailable Pb is present in the medium-sized fraction, which is expected as they
contribute the largest mass fraction. However, the medium fractions contribute relatively
low amounts of Pb based on their mass fraction. The observable difference between the
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high Pb soils and lower Pb soils is that there is much less Pb present in the large fractions
and a significantly heavier contribution of the finest fractions to bioavailable Pb. Samples
A and B contain large paint chips easily visible with the naked eye, which contributed to
higher total Pb that are essentially a fresh source of Pb to the environment. It appears that
there is a disproportionate amount of fine-fraction Pb in samples C and D, suggesting that
contamination in these soils is more evolved, meaning weathering processes have had
sufficient time to deteriorate Pb into the finest fractions. There is significantly more
bioavailable Pb in sample A than in sample D in terms of weight, but the bioavailable
fraction in sample A is lower, and estimating the toxicity of sample D based on this value
would underestimate its toxicity.
2.4.3 Notable changes to existing spatial model:
The disparity between the updated spatial model and the original produced by
Bower et al. (2017) could be explained by sampling resolution. Addition or “ground
truthing” of the predicted model shows that the Bower et al. model fairly accurately
predicted Pb concentrations in Burlington. However, it appears that the values were
generally underestimated. Keeping in mind that our sampling focused on near structure
soils, more likely impacted by Pb-paint deposition, our model appears to accurately
predict high values at both the city scale and the property level. This is shown in table 1,
where maximum Pb concentrations far outweigh their predicted values, but background
concentrations generally fall within the predicted range.
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2.5 Conclusions
Further refinement of the Pb risk assessment model produced by Bower et al.
(2017) indicates that, as expected, the most substantial changes were concentrated within
previously un-sampled locations. We note that measured background concentrations were
not far off from predicted values, and only near-structure samples far exceeded the
model. Our sampling results, however, in concurrence with the literature, point to
accumulated near-structure contamination as the dominant source of Pb poisoning in
historically Pb-painted residential areas, due to the negligible mobility of Pb in-situ.
Proper risk assessment of residential Pb contamination must therefore involve delineation
and remediation of Pb impacts proximal to painted structures, which, assuming the
absence of secondary transport processes (drainage ditches, soil removal, etc.), will
significantly decrease in magnitude with distance.
Separate analysis of soil samples with lower total Pb (<1,500 mg kg) and soils
with higher total Pb (>1,500 mg kg) has uncovered a disparity in the relationship between
bioavailable and total Pb concentrations. Lower Pb soils have a substantially higher
bioavailable fraction (approximately 62%) than higher Pb soils (approximately 47%).
Bower et al. (2017) established that Burlington soils over 360 mg kg-1 would cause
children’s BLLs to rise above 5 g/dL, assuming a bioavailable Pb fraction of 49%,
highlighting the need to establish a Burlington Pb threshold lower than the EPA’s
national threshold of 400 mg kg-1, but our results indicate that the threshold would need
to lowered even further, to 320 mg kg-1, as soils with 400 mg kg-1 Pb would have a higher
bioavailable fraction than assumed by Bower et al. (2017).
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This disparity can be explained by the disproportional influence of soil particle
size fractions to the soil’s bioavailable Pb. The increase in bioavailability in lower total
Pb soils is due to the Pb being present in the fine fraction, where a higher surface area to
mass ratio relative to large paint chips allows a higher fraction of total Pb to be absorbed
upon digestion. Our results imply that less total Pb does not necessarily equate to lower
risks, and that assigning a single fraction to estimate Pb bioavailability would
underestimate the risks inherent to soils with lower total Pb.
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CHAPTER 3: Pb speciation in paint chips and the effect of microenvironments on
its mobility
Grant W. Reeder, Jennifer A. Bower, Landon Williamson, David Singer, Jody Smith,
Nicolas Perdrial
Abstract: Lead (Pb) contamination is a widespread problem in urban settings. However,
no unified sustainable remediation technique exists to date. Transformation of soil Pb
into non-bioavailable pyromorphite is potentially promising, proven successful in
individual settings, but manifests unpredictable results when applied to different soils.
The likely driver of unpredictability resides in the heterogeneity of soils at the microscale
and, in particular, we hypothesize that the distribution and density of reactive sites or
“microenvironments” affect Pb sorption in soils and are key elements controlling Pb
mobility and speciation in soils. To test this hypothesis, we investigated the changes in Pb
speciation in a Pb-contaminated soil (11,250 mg kg-1 total Pb), inoculated with
nanogoethite and subjected to leaching by synthetic acidic rainwater. The nanogoethite
was used to model different density (200, 100, and 50 mg kg) and distribution (random
and layered in two concentrated lenses) of reactive sites responsible for competitive
sorption of Pb. Characterization of the contaminated sample by SEM/EDS and
synchrotron µ-XRF and µ-XRD revealed that the source of Pb is primarily from paint
chips in the form of Pb carbonate and Pb sulfate. Sequential extraction of Pb confirmed
the importance of Pb carbonate (39.2% of soil Pb) and revealed the importance of Pb
associated with the reducible fraction (37.1% metal-oxide bound). Upon leaching,
effluent showed the highest amount of Pb release from the soil containing higher
concentrations of randomly distributed goethite. Columns packed with layered
distributions of goethite showed a much lower amount of Pb release in higher goethite
concentration. Sequential extractions of leached soils showed a decrease in the carbonatebound Pb and in reducible Pb. Increase in the residual, and therefore non-bioavailable,
fraction was observed in the higher layered goethite treatments and lower random
treatment, but not the other three treatments. A specific mechanism could not be
identified, but these results indicate that slight variation in the presence of
microenvironments in soils significantly alter Pb leaching products in both the aqueous
and solid phase, supporting the theory that microscale competition, in this case the spatial
distribution (more so than the concentration) of nanoparticulate Fe oxides, can exert
strong control on Pb transport in soils.
3.1 Introduction
Clean, healthy soil is a limited resource (Henry et al., 2015), and anthropogenic
activity has degraded soil quality worldwide with a suite of contaminants. Lead is among
the most widely distributed, as it has been used for a variety of purposes, as far back as
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the Roman era, where it was found in utensils, decorative pieces, and sweeteners
(Needleman, 2004; Papanikolaou et al., 2005), up to the modern era, where it was used in
paint, gasoline, and piping (Laidlaw and Filippelli, 2008). In this regard, aging cities are
often impacted by legacy Pb from old water distribution systems, Pb gasoline
particulates, and degrading Pb paint (Laidlaw and Filippelli, 2008).
Soils in Burlington, Vermont are impacted by Pb contamination, principally due
to the historic use of Pb-based paint (Bower et al., 2017). The current EPA actionable
thresholds for total Pb for residential soils is 1,200 mg kg-1, and 400 mg kg-1 for
children’s play areas (Henry et al., 2015; Papanikolaou et al., 2005), and previous work
done in Burlington by Bower et al. (2017) uncovered soil Pb concentrations as high as
18,000 mg kg. Bower et al. (2017) determined that precisely 1,640 residences (24.8% of
Burlington) in the city limits were constructed prior to 1900, before Pb paint use peaked
in the 1920’s (Filippelli et al., 2005), and as a result, these soils pose the greatest risk to
human health (Bower et al., 2017).
No unified remediation strategy currently exists for Pb contaminated soils, and the
most common practice is excavation of impacted soils and replacement with clean soil,
which is both difficult in urban environments and unsustainable (Henry et al., 2015).
Various in-situ approaches have been proposed, and the most promising and extensively
studied has been the use of phosphate amendments to trigger the precipitation of
pyromorphite (Scheckel et al., 2013). Among mineral phases, the solubility of
pyromorphite (Pb5(PO4)3Cl) is lower than other Pb species over a wide range of pH
conditions (Figure 1), which renders pyromorphite one of the only Pb phases stable under
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a pH of 4 (Hopwood et al., 2002). Galena (PbS) and wulfenite (PbMoO4) are also
relatively stable in highly acidic conditions, but galena oxidizes to the much less stable
anglesite (PbSO4) when exposed to air, and wulfenite contains Mo, another toxic metal
(Scheckel et al., 2013). Pyromorphite precipitation is kinetically favorable with adequate
concentrations of Pb and PO4 in solution, and extensive development of phosphate
immobilization agents has proven effective in removing Pb from contaminated waters
(Cao et al., 2003; Scheckel et al., 2013). Phosphate amendments have been less
successful in immobilizing soil Pb in-situ, however, because of the stability of original Pb
phases in the soil, as well as competitive sorption decreasing the available fraction of
both sorbents (i.e. organics, clays, etc.) and sorbates in soils (Hashimoto et al., 2009;
Scheckel et al., 2013).

Figure 1*. Factors influencing Pb bioavailability (A) the stability of Pb oxides,
carbonates, phosphates, and pyromorphite over a pH range of 3 to 11, from Hopwood et
al. (2002), (B) impact of mineral form, particle size, and rinding on Pb bioavailability,
from Ruby et al. (1999). *To be removed prior to submission for publication
Because soils are heterogeneous media, microscale processes affecting them are
difficult to characterize and model. In particular, prediction of competitive sorption of
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ions in soils is challenging, as it is the result of a series of chemical interactions occurring
within ‘microenvironments,’ which are defined by Steefel et al. (2005) as sub-micron
spaces in soils where the solution composition does not match the bulk soil solution.
These locations are the reactive hubs of the soil matrix; where ions are distributed out of
solution and into different solid phase species. Characterizing microenvironment
composition and activity is exceedingly difficult, because they are small and represent a
minute fraction of the bulk soil solution (Steefel et al., 2005). Experimental work by Li et
al. (2007) has shown that the spatial relationship between reactive mineral surfaces and
potential adsorbents can significantly alter reaction rates, which confirms that the location
of specific reactive sites affects competitive sorption in soils. If altering the distribution
of microenvironments in the bulk soil has the propensity to alter reaction rates and
products, this is likely a significant factor with respect to unsuccessful sustainable
remediation.
While the potential for successful immobilization of Pb in contaminated soils has
been demonstrated many times (Cao et al., 2003; Cao et al., 2008; Li et al., 2014), it
appears that field implementation remains difficult, most likely due to in-situ processes
(Obrycki et al., 2017; Scheckel et al., 2013) . Linking laboratory studies to natural
systems requires a better understanding of the competitive impacts different soil
constituents have on Pb transport. The microenvironment paradigm suggests that
unsuccessful transformation of soil Pb into pyromorphite during field application is a
result of inhibition of precipitation by microscale processes. We therefore hypothesize
that ionic interactions occurring at microenvironments in the soil are the drivers of
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elemental behavior at every scale, and that incomplete transformation of Pb into
pyromorphite is a reflection of microscale processes. This hypothesis was tested by
employing column leaching experiments to quantify the impact of microenvironment
density and distribution on Pb mobility and speciation in soils. To simulate
microenvironments, we inoculated a Pb-contaminated soil with nanogoethite at different
concentrations and in different distributions (layered vs. random) to be leached with an
acidic synthetic rainwater. By analyzing Pb in various settings, we determined the effect
of microenvironment density and distribution on Pb transport in leaching environments.
3.2 Materials and Methods
3.2.1 Soil1:
To explore the relationship between microenvironment density and distribution on
Pb mobility and speciation, we used a Pb contaminated soil from a residential setting in
Burlington (VT). The first 10 cm of surface soil 20 cm away from a ca. 1892 wood-sided,
residential structure, which had been painted multiple times, was collected using a bucket
auger. The soil was air-dried in a fume hood and sieved to 2mm.
3.2.2 Flow-through column settings:
Columns were prepared by dry-packing ~1.9 g of soil into 0.9 cm diameter by 2.1
cm long (pack length) polypropylene copolymer columns, yielding an average porosity of
0.52 and a nominal PV of 0.8 cm3. A 0.45-µm membrane filter polypropylene (Pall Life

The fraction of the work related to the soil characterization reported in this thesis was performed by a
previous master’s student: Bower, J. A., 2017, Speciation, distribution, prediction, and mobility of lead in
urban soils: a multiscale study [Master of Science: University of Vermont, 127 p.]
1
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Science) was inserted at the end of each column. Soil microenvironments were controlled
by preparing columns in duplicate with six different nanogoethite density and distribution

Figure 2. Schematized representation of the experimental flow-through column set. Black
dots represent idealized goethite microenvironments.
Table 1. Recipe for synthetic rainwater used as the influent for column experiments,
adjusted to pH 3 with HCl, adapted from Wang et al. (2011).
Solute
concentration (mg L-1)
NaHCO3

2.5

MgCl2*2H2O

1

K2SO4

0.7

NH4NO3

3.2

CaCl2

1.1

MgSO4*7H2O

1.2

scenarios, in bulk concentrations of 200 mg kg-1, 100 mg kg-1, and 50 mg kg-1 goethite.
For each bulk concentration, columns were run with randomly distributed goethite, as
well as concentrated lenses of goethite, which satisfy the bulk concentration, but account
for only a quarter of the soil weight (Figure 2). The concentrations of goethite in the
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random and layered columns were the same, so effluent variability can be attributed to
microenvironment distribution. Subsequently, the different experimental conditions are
labeled with the bulk concentration of goethite followed by a letter representing the
distribution, “R” for random and “L” for layered. For example, the label 50R represents
experimental conditions where 50 mg kg-1 goethite was added randomly to the soil.
Conversely, the label 200L corresponds to 200 mg kg-1 goethite added in two layers to
the column. Goethite was chosen to control microenvironment, because its electrostatic
behavior is analogous to most common soil oxides, and their poorly crystalline structure
results in a very high surface area to mass ratio, allowing them to effectively immobilize
Pb ions in moderate pH conditions and compete with Pb for anionic species in highly
acidic conditions (Abdel-Samad and Watson, 1998; Trivedi et al., 2003; Zhang et al.,
1997). Microenvironments are locations in the soil solution, not the solid phase, so the
nanoparticulate goethite is not in of itself the microenvironment, rather the
aforementioned physical and electrostatic properties of goethite are optimal for inducing
microenvironments at their surfaces. The goethite (FeOOH) was prepared using a method
outlined in Linker et al. (2015): 0.2 L of 2.5M KOH and 50 g of Fe(NO3)3  9H2O was
added to 0.825 L of Millipore water, and heated for 24 hours at 60C. Precipitates were
washed with 0.1mM HCl and centrifuged until the supernatant reached pH 5. Mineralogy
was confirmed using XRD. Columns with non-inoculated soil were prepared as control.
The columns were leached with pH 3 synthetic rainwater (adapted from Wang et
al., 2011, recipe in table 1) at an optimal flow rate of 0.05 mL min-1 for 72 hours, when
pseudo-equilibrium was reached (a determination made by preliminary leaching
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experiments). The influent solution was pumped through the columns by a peristaltic
pump, and the effluents were collected in 2-hr increments (i.e., 7-PV increments) using a
fraction collector (FOXY200, Teledyne ISCO), sealed in polypropylene bottles, and
refrigerated before analysis (Figure 3). To test our hypothesis that varying
microenvironment densities and distributions impact Pb mobility and speciation, we
monitored the evolution of Pb concentrations in the effluent, indicating immobile and
mobile phases.

Figure 3. Column experiment setup. Influent was pumped mechanically through the
prepared soil column, and the effluent collected in 2 hours interval by an Isco Foxy 200
fraction collector.
3.2.3 Solution analysis:
Every other effluent sample was analyzed for Pb, Al, Fe, K, Ca, Si, Na, Mg and
Mn using Inductively Coupled Plasma Optical Emission Spectrometry (ICP-OES, JY
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Ultima 2), Cl-, NO3-, SO42- and PO43- using ion chromatography (Dionex ED50, column
AS14) as well as pH.
3.2.4 Solid phase analysis:
Soil sample sieved at 2 mm was analyzed for particle size using a Beckman
Coulter LS 230 particle size analyzer equipped with a sonicating circulation attachment,
and a fraction was powdered to ca. 100 µm for five minutes in a tungsten carbide ball
mill and reserved for XRD, XRF, and elemental carbon analysis.
A CE elemental analyzer was used to measure total carbon content through dry
combustion of ca. 50 mg sieved soil and calibrated using standard soil B2152 (Elemental
Microanalysis Limited, 2016). Bulk mineralogy was determined using a Rigaku Miniflex
II X-ray diffractometer with Cu Kα radiation operated at a wavelength of 1.54178 Å in a
2-theta range of 3-75º and a counting time of 0.02º (2 theta) per minute. Fine fraction of
soil (< 40 µm) was separated using the procedure from Perdrial et al. (2014) by
suspending sediment in ethanol and sonicating for 5 minutes, then removing suspended
particles with a pipette into a weighing dish for air-drying. Fine fraction was then
analyzed with XRD using the same settings described above. Resulting diffractograms
were qualitatively characterized using the ICDD database and quantified using Rigaku
PDXL. Total Pb was measured with a Thermo Scientific Niton XL3t 900 series portable
XRF, calibrated with soil standard NIST 2780 (NIST, 2012), with a counting time of 60
seconds and readings averaged in triplicate. Sample contained ca. 11,250 mg kg-1 (±
91.8) Pb. The control soil (unamended with goethite) was packed into a PPCO column
2.1 cm long and 0.9 cm in diameter, capped, and injected with spectrally transparent
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epoxy (EPO-TEK 301). After removal from the column, the hardened soil was thin
sectioned to a 30 µm final thickness and mounted with acrylic using Crystalbond 509 on
27x46mm borosilicate glass, after which it was polished with 0.5 µm diamond paste
(Spectrum Petrographics). Similarly, post-leaching columns were frozen and freeze-dried
and one duplicate from each was set in epoxy (EPO-TEK 301), cut parallel to flow, and
polished using 400 grit silicon carbide powder, then 5m and 1m aluminum oxide
lapping sheets.
The unamended soil, the 200 mg kg-1 layered column, and 50 mg kg-1 random
column were carbon coated and examined by SEM/EDS analysis using a Tescan Vega 3
LMU scanning electron microscope with Oxford energy dispersive spectroscopy
attachment, Backscatter electron (BSE) imaging was performed to identify areas of
interest for energy dispersive X-ray spectroscopy (EDS). Point and shoot EDS analysis
was used to identify the elemental composition of individual phases within the area, and
elemental maps were generated using the SMAK software (Webb, 2006-2016).
The unleached column soil was also analyzed by microfocused XRF mapping at
beamline 13-IDE (Newville et al., 1999) at the Advanced Photon Source with a beam size
of 1.5x1.5 µm at full width half maximum subjected to a Pt-coated Kirkpatrick-Baez
focusing optics system (XRadia) and using a Vortex four-element Si drift diode array
detector operating at 18 keV. Fifteen XRF maps were generated as 500x500 µm maps at
2 µm pixel size and dwell time of 30 ms per pixel for elements K, Ca, Ti, Cr, Mn, Fe, Co,
Ni, Cu, Zn, As, and Pb, and analyzed by normalizing to the measured intensity of the
incident energy of the x-ray beam (I0) using Larch (Newville, 2013). Selected grains were
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subjected to microfocused XRD analysis at the same beamline in transmission mode with
an area CCD camera with incident beam energy of 18 keV (λ = 0.6888 Å). Images were
converted from 2D to 1D diffraction patterns using Area Diffraction Machine (Lande,
2013), with sample distance and geometry corrected using CeO2 as a standard. QualX
(Altomare et al., 2008) was used to subtract background and perform phase identification,
referencing likely mineral patterns available from the Crystallographic Open Database
(Gražulis et al., 2009).
For each experimental condition, the remaining freeze-dried duplicate was
analyzed for Pb speciation using a sequential extraction procedure published by Clark
and Knudsen (2013), which is an adaptation of the Tessier et al. (1979) method. One
gram of soil was taken from each column, along with triplicate controls (unleached, noninoculated soil representing the initial state of the soil in the columns), then extracted for
exchangeable, carbonate-bound, reducible (Fe and Mn oxide-bound), and oxidizable
(organic-bound) fractions. The residual fraction was deduced as the difference between
the total Pb (from XRF) and the sum of the other fractions. The exchangeable fraction
was extracted with 8 ml of 1M MgCl2 for one hour at room temperature. The carbonatebound fraction was removed by 20 mL of 1M NaOAc – HOAc solution at pH 5, acidified
with HOAc, then shaken at room temperature for five hours. For the reducible fraction,
20 mL of 0.04M NH2OH  HCl in 25% HOAc solution was added to the remaining solid
and placed in a 95C water bath for six hours. Every 45 minutes, the suspensions were
briefly removed from the bath and agitated. The oxidizable fraction was extracted in two
steps, starting with the addition of 3 ml of 0.02M HNO3 and 5 mL of pH 2, 30% H2O2
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(acidified with HNO3). The samples were agitated for two hours at room temperature,
then another 3 mL of pH 2 30% H2O2 was added, and then placed in an 85 water bath.
The samples were removed briefly every 45 minutes to be agitated, and after three hours,
they were removed and diluted with 20 mL of nano-pure H2O. After each step, the
samples were centrifuged for one hour at 3200 rpm and decanted into metal-free
centrifuge tubes. The remaining soil was washed twice by adding nano-pure water,
agitating with a VWR mini-vortexer, then centrifuging for one hour at 3200 rpm before
disposing of the solution. The extractants were filtered with a 0.45 m nylon filter and
analyzed for lead using ICP-OES.
3.3 Results
3.3.1 Soil characteristics1:
Particle size distribution of the soil, with 82.1% sand, 16.7% silt, and 1.2% clay,
was consistent with a loamy sand soil, a designation congruent with the local soil type
(Windsor loamy sand). Visual inspection of soil indicated that paint chips were present in
grains large enough to be seen with the naked eye. The soil Pb content was determined to
be 11,250 mg kg-1 (±91.8) total Pb. The mineralogical composition of this material was
determined to be 67.4% quartz, 18.6% albite, and 7.2% chlorite, 6.2% goethite, and 0.6%
muscovite using quantitative X-ray diffraction. Carbon content was measured to be 74.9
g kg-1.
SEM-EDS analysis of the unleached soil (Figure 4a,b) indicated that Pb is
distributed throughout the soil in two ways: large (>100 m, Figure 4a,b) and fine (<10

1

Results in this section, with the exception of sequential extraction analysis, are from Bower, 2017.
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m, Figure 4a, Pb) particles. In large particles, Pb was often associated with Ti, Zn, and
Fe in layers. Large Pb particles appeared physically weathered, with zones of varying
relative levels of Pb and holes or mineral inclusions disrupting the homogeneity and
structure of the overall particle (Figure 4a). Many of these larger particles were also
coated with finer aluminosilicate grains (Figure 4b).

Figure 4. SEM-EDS analysis of unleached soil, (a) showing a weathered Pb paint chip,
(b) showing an encapsulated Pb particle. Scale bar represents 50 m. From (Bower,
2017)
The identity of Pb species was established by XRD within the unleached soil.
Although XRD was difficult to acquire on the small grains, it could be achieved on
larger grains. One XRF map appeared to contain a particularly large grain made of Pb
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with an outer layer of Zn, of which the area of highest Pb concentration was determined
to be hydrocerussite, a lead carbonate (Pb3[CO3]2[OH]2), through µXRD analysis (Figure
5). An µXRD pattern was also collected at a point within a less Pb-dense area of this
grain and was determined to contain anglesite, a lead sulfate (PbSO4).
Sequential extraction determined the species fractionation of Pb within the
unleached soil. The average total Pb within the soil sample used for extraction, based on
triplicates, was determined to be 11,250 mg kg-1. There were 649 mg kg-1 Pb in the
exchangeable fraction (5.65%), 4,410 mg kg-1 associated with carbonates (38.35%),
4,171 mg kg-1 in the reducible fraction (36.27%), 358 mg kg-1 present in the oxidizable
fraction (3.11%) and 1,662 mg kg-1 in the residual (16.63%).

Anglesite
Hydrocerussite

Pb Zn

Fe

Figure 5. Synchrotron-based XRF map of Pb contaminated soil leached with PO4amended synthetic rainwater, with two XRD analysis points, determined to be
hydrocerussite and anglesite. From Bower (2017).
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3.3.2 Elemental release in columns:
Analysis of column effluent upon acidic synthetic rainwater leaching showed
significant differences in Pb release between soil inoculated with different densities and
distributions of goethite (Figure 6). The effluent Pb concentrations over the 72-hour, or
approximately 216 PV, leaching period followed generally the same pattern, albeit with
different timing and intensity, for each goethite density and distribution scenario. The
effluent Pb release of the un-amended control columns showed an initial period of 25 to
45 PVs without Pb release. This was followed by a rapid increase in Pb concentration to
until approximately 55 PVs, where the values remained constant between 28 and 37 mg
L-1 Pb. For the columns with random distributions of goethite (200R, 100R, 50R), and the
200 mg kg-1 layered column (200L), an initial period of approximately 50 PVs with no
detectable Pb release was followed by a rapid increase in Pb concentrations to a point
around 100 PVs, where it became stable or decreased. The layered columns with 100 mg
kg-1 and 50 mg kg-1 goethite (100L, 50L) had statistically similar effluent Pb release
through the leaching process, albeit Pb release was initiated 40PV later than in the other
four treatments. This was followed by significant increase in Pb concentrations to ca. 30
mg L-1, until a plateau at approximately 150 PVs.
The dynamics of acidification as assessed by solution pH (Figure 7) showed a
similar shape across treatment (initial buffering, acidification and stabilization slightly
above influent pH). However, the kinetics of pH changes varied across the treatments. In
particular, initial buffering around pH 6 lasted longer in the layered columns than the
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random ones and in these layered columns the buffering lasted longer the more goethite
was present.
Analysis of the effluent from columns with randomly distributed goethite shows a
positive correlation between goethite density and Pb release (Figure 6A). The 200R
treatment reached peak concentrations of 67.43 mg L-1, 100R reached 32.69 mg L-1, and
50R 28.85 mg L-1, respectively. This also correlated to a significant difference in the total
amount of Pb released from the soil over the entire length of the leaching period, which
was 200R > 100R > 50R (3,827 mg kg-1, 2,778 mg kg-1, and 2,266 mg kg-1 of soil,
respectively).
The distribution of goethite was a significant factor affecting Pb release. As
previously stated, the 100L and 50L columns followed virtually the same trend, with
delayed Pb release relative to the randomly distributed columns, followed by Pb release
peaking at concentrations (39.24 mg L-1, and 36.51 mg L-1, respectively) exceeding those
found in the effluent of the respective random columns (Figure 6B). The total amount of
Pb released in 200L was 1,068 mg kg-1 of soil, which was significantly lower than the
statistically similar leaching products of 100L and 50L (2,152 mg kg-1 and 2,136 mg kg-1
of soil, respectively.
Release of other cations (Appendix I) followed two general patterns whether the
element was present in the influent solution or not. When present in the influent (K, Na,
Ca and Mg), the elemental release in the effluent typically started high then rapidly
decreased to a plateau near the influent concentration. The most notable difference for
these elements is that Ca release was higher than the influent concentration for a longer
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Figure 6. Evolution of Pb concentrations in effluent as a function of the volume of pH 3
phosphate-amended synthetic rainwater leached through soil columns (A) Pb release in
randomly distributed columns, and (B) highlights Pb release in columns with layered
distributions. Results obtained using ICP-OES. For each data series (except the control),
the number (200, 100, or 50) denotes the bulk concentration in mg kg-1 of goethite added
to the soil, and the letter (R = random, L = layered) describes the goethite distribution.
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Figure 7. Effluent pH in columns with (A) random and (B) layered distributions of
synthetic nanogoethite relative to pore volumes.
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time than the other influent cations. For elements not present in the influent (Al, Si, Mn)
the release generally followed an increase-plateauing pattern, suggestive of dissolution
processes. It is particularly important to note that Al release pattern was strikingly similar
to Pb pattern.
3.3.3 Pb speciation:
Lead chemical partitioning within leached columns was analyzed by sequential
extraction. The unleashed soil had an initial concentration of 11,250 mg kg-1 of Pb, and
the column soils were left with 7,472 mg kg-1, 8,486 mg kg-1, and 8,998 mg kg-1 of Pb
after leaching for the 50R, 100R, and 200R, respectively. Layered columns were left with
10,193 mg kg-1,

Figure 8. Concentrations of Pb (mg kg) in each fraction for unleached soil (AVG
CONTROL, n=3), and for each leached column soils (n=1). Bold value on top of each
column report the weight of Pb present in each soil prior to extraction. Values acquired
from a modified Tessier sequential extraction method
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9,113 mg kg-1, and 9,120 mg kg-1 Pb for the 200L, 100L, and 50L, respectively (Figure
8). There was no significant change in the exchangeable or oxidizable fractions between
the control and the leached soil for any of the treatments, and neither fraction constituted
a substantial percentage of the total Pb weight. There was consistently a significant
decrease in the carbonate Pb fraction for each column compared to the starting material
(from 50.1% decrease for 200R to 62.8% decrease for 50R - Figure 8). Similarly, there
was consistent decrease in the reducible Pb fraction for each treatment, albeit more
variable (from 5.5% for 50L to 49.6% for 50R – Figure 8), with 100R and 50L likely
being within error. There was significant change in the residual fraction only in the 200L,
100L, and 50R treatments, which increased to 4,048 mg kg-1, 3,967 mg kg-1, and 5,079
mg kg-1, respectively.
3.3.4 Microscale observations:
Microscale imaging and elemental analysis of the column material post leaching
using SEM and EDS, provided elemental analysis of large paint chips were visible in
each sample. EDS mapping of 200L (Figure 9) shows the layered structure of such paint
chip, including Pb-rich and Ti-rich layers, indicating that this structure was painted
before and after the phase-out of Pb paint. There is also a substantial amount of silicate
rich phases (10 to 50 m in size) present within the paint, which are likely dust particles
adhered to the structure and painted over. The structure of this paint chip appears to be
relatively intact, indicating that it was not significantly weathered during the leaching
process. While such “intact” paint chips were ubiquitous among the two observed
samples, so were heavily degraded paint chips. The 50R sample contained an example of
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such a considerably degraded paint chip (Figure 10). EDS mapping revealed layering of
Pb and Ti within its structure (Figure 10d), confirming the paint chip nature of the
particle. The Ca-rich lens present, could be attributed to pigments (Hosoda et al., 1995;
Vetere et al., 2001). Substantial amounts of Pb in the fine fraction (ca. 20 µm) was also
observed in the surrounding soil. The layers of concentrated goethite inserted in the soil
could not be found by SEM.

Figure 9. SEM-EDS analysis of a layered paint chip within 200L column soil, showing
the distribution of (A) Pb, Si, and Ti, (B) Pb, Si, and Ca, and (C) Pb, Si, and Fe.
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Figure 10. SEM-EDS analysis within 50R. (A) backscattered electron image (B) Pb, Si,
and Fe, (C) Pb, (D) Pb, Ca, and Ti, (E) Pb, Mg, and Fe, (F) AL, Si, and Na, (G) Ca, Si,
and Al, and (H) Al, Si, and Fe.
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3.4 Discussion
3.4.1 Origin and speciation of Pb in soil:
The presence of numerous Pb-rich paint chips observed by microscale imaging
confirms the heavy influence of Pb-based paint on Burlington soils, and XRD
determined that the principle species is hydrocerussite (Figure 5). Additionally, targeted
sequential extraction revealed that nearly 40% of the soil Pb is in the form of carbonates
(Figure 8). The instability of these lead-carbonates under acidic conditions (Hopwood et
al., 2002), suggests a high bioavailability of Pb in these soils. However, weathering insitu has likely caused some of this Pb to redistribute into more stable species, as
observation of anglesite in the weathered rim around the paint chip and the fact that 36%
of the Pb is present in the reducible fraction and 17% in the residual fraction suggest.
Since the residence from which our sample originate is over 125 years old, it is likely that
it received several layers of paint and that constant weathering replenishes the soil with
fresh chips on a regular basis. Although more recent paint is Pb-free as evidenced by the
dominance of Ti in unaltered paint chips, our observations suggest that older Pb-rich
paint is bound to, and even diffusing into, recent paint and still integrated in the soil.
Many of the larger paint chips observed by SEM displayed coatings of fine
aluminosilicates suggesting that clay minerals are binding to the paint chips, possibly
delaying their weathering via encapsulation (Figure 4b).
SEM analysis was unable to distinguish the concentrated goethite lenses from the
non-inoculated soil. BSE and EDS analysis of Pb on either side of the goethite amended
lenses was a goal of our microscale analysis, but it is not surprising that the goethite
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lenses were indiscernible from the un-manipulated soil. The most concentrated lens was
prepared with 800 mg kg-1 goethite, to satisfy the 200 mg kg-1 bulk concentration, with is
only 0.08% of the soil by weight. The inability of microscale imaging to identify these
minute differences only accentuates their impacts on leaching dynamics.
3.4.2 Pb behavior upon acid leaching:
Smaller Pb-rich grains were observed in the soil after leaching (Figure 10).
Although we could not confirm their Pb speciation by XRD analysis, sequential
extraction showed a significant redistribution of Pb into the residual fraction in the 50R
treatment, which suggests that some mobilized Pb re-precipitated in more stable forms.
Sequential extraction results showed that very little Pb is exchangeable or
oxidizable (bound to organic matter) in the soils. The principal Pb fractions are
carbonate-bound, reducible (oxide-bound) and residual. The carbonate-bound Pb was the
only fraction that showed significant change for each random and layered treatment,
where significant decrease in the weight of Pb carbonate was observed, as was expected
due to the instability of Pb carbonate minerals in acidic conditions (Hopwood et al.,
2002). There was also a decrease in the reducible fraction for each random column,
although 100R may be within error of the control, suggesting desorption of Pb bound to
oxide surfaces. Although the acidity of the influent would suggest Pb desorption from
oxide surfaces (Abdel-Samad and Watson, 1998), the buffering capacity of the soils did
not allow the effluent to reach pH 3, which could explain the large remaining reducible
Pb fraction. It should be noted, however, that, as previously suggested (Tai et al., 2013) it
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is possible that the “reducible” extraction step would also dissolve a large fraction of Pb
in acid-labile minerals possibly remaining after the carbonate extraction step.
In most treatments, the amount of residual Pb increased upon leaching, suggesting
a change in speciation toward stable Pb minerals. This observation is fundamental to the
design of successful remediation strategies as an increase in residual Pb means a decrease
in bioavailable Pb (Li et al., 2015). We could not directly identify the species of Pb added
to the residual fraction, but their presence in the residual fraction indicates negligible or
low bioavailability.
In summary, the difference in total Pb content between the control, and 200R and
100R was due to a decrease in the carbonate and reducible fraction, but this was not
coupled with significant increase in the residual fraction. This implies that most of the Pb
released from unstable species did not re-precipitate in the solid phase and was carried
out in the effluent. The same trend for the carbonate and reducible fraction was observed
in 50R, but the significant increase in the residual fraction indicates that most mobilized
Pb redistributed into stable forms in the soil. This is supported by the fact that the 200R
and 100R are releasing more Pb in the effluent than the 50R (Figure 6A).
Sequential extraction results for layered columns exhibited the same trends for the
exchangeable, carbonate, and oxidizable fraction, as described for the random treatments
(Figure 8). The 200L and 50L columns had higher reducible Pb fractions than their
random counterparts, which could be related to the distribution of goethite in denser
lenses rather than being spread uniformly throughout. For example, 50L has two 200 mg
kg-1 goethite lenses, and dissolved Pb would have a higher probability of interacting with
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goethite surfaces and re-adsorbing when flowing through concentrated lenses, assuming
the presence of preferential flow paths, relative to soil with 50 mg kg-1 goethite
distributed uniformly. In other words, although oxide-sorbed Pb is generally bioavailable,
upon initial release from an unstable species (Pb-carbonate), Pb may redistribute into
species (via e.g. complexation) that may be bioavailable, but are stable under the current
conditions (Abdel-Samad and Watson, 1998). This mechanism would not explain the
100L treatment, however, as its reducible fraction is less than its random counterpart.
Additionally, there is significant increase in the residual fraction for 200L, 100L, but not
50L.
It is evident that the differences between each treatment are associated with
reducible and residual fraction dynamics (Figure 8). It appears that the soils that retained
the most Pb either retained most of their reducible fraction or increased their residual
fraction. Of the six treatments, three had increased residual fractions (200L, 100L, and
50R), and although 200L retained the most Pb of all the fractions, it did not have the
highest residual fraction by weight (50R). It did, however, retain the highest reducible
fraction of these three treatments. The 50L and 100R treatments did not show any
substantial increase in the residual fraction, but they also retained most of their reducible
fraction through the leaching process. The only treatment to lose a substantial amount of
its reducible fraction without any accumulation within the residual fraction was 200R,
which in turn lost the most Pb during the leaching process.
It should be noted, again, that sequential extraction was performed only on a
single leached sample. Therefore, assigning quantifiable impacts of each goethite
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amendment to their respective solid phase leaching products would be presumptuous.
This exercise did provide, however, clear evidence that microenvironment density and
distribution has substantial impacts on Pb behavior.
3.4.3 Effects of microenvironments:
Density: We hypothesized that increasing goethite (which acts as a positively
charged microenvironment in acidic conditions) density would inhibit soil anions (i.e.
SO43-, CO32-, PO43- etc.) from precipitating with Pb ions released into solution via
adsorption onto the positively charged goethite surface. Simply put, increasing the
density of iron oxide competitors would therefore lead to an increasing density of
positively charged microenvironments, effectively lessening the likelihood of Pb
redistributing into more stable phases. The addition of nanogoethite in three different
concentrations, well-mixed in the soil, put this hypothesis to the test.
Our results indicate that Pb mobility increases dramatically with
microenvironment density, but it is not the driving factor influencing Pb release from
existing species. The striking similarity between Pb and Al release curves (Figure 6,
Appendix I, respectively), suggests that the mobility of both elements is controlled by the
same mechanism. Aluminum speciation is largely controlled by pH, and in particular by
hydrolysis above pH 4.5 – 5 (España, 2007). Below this threshold, the high concentration
of H+ causes the release of Al into solution. Lead release is similarly controlled by pH,
which has been observed in adsorption studies including Abdel-Samad and Watson,
1998, and Villalobos et al., 2008.
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Analysis of the effluent from columns with randomly distributed goethite showed
a positive correlation between goethite density and Pb release (Figure 6A). A
significantly higher peak Pb concentration was present in the effluent solution from the
200R columns than in the 100R and 50R, which were 67.43 mg L-1, 32.69 mg L-1, and
28.85 mg L-1, respectively. The fact that columns with 200 mg kg-1 goethite (200R)
released higher concentration of Pb than the columns with 100 mg kg-1 (100R) and 50 mg
kg-1 (50R) would therefore support work done by Hashimoto et al. (2009), who suggested
that pyromorphite precipitation is inhibited by the presence of Fe or Al oxyhydroxides in
soils, due to their sorption capacity for anions in solution. To summarize, upon
acidification of the soil solution and subsequent release of Pb from soluble species,
variation in Pb behavior can be explained by the presence of microenvironments.
Distribution: The distribution of microenvironments significantly affected Pb
release, and speciation within the leached soil. The 100L and 50L columns had delayed
release relative to 200L and the random columns. At approximately 210 PV, the total
fraction of Pb remaining in the soil for the 100R and 100L, and the 50R and 50L columns
converged (figure 6), but the 200L columns responded differently: Pb release began
around 40PV, similarly to the randomly distributed columns, and plateaued around 17 mg
L-1 Pb at 85PV, and peaking at 23.07 mg L-1, significantly less than the 100L and 50L
columns. To summarize this result, significantly less Pb was released in the layered
distribution than the random distribution for the 200 mg kg-1 treatment, but variation
between the random and layered distributions in the 100 mg kg-1 and 50 mg kg-1
treatment were in release rate alone. This is likely due to goethite’s functionality as a
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buffering agent. In near neutral conditions, goethite exhibits a negative surface charge,
allowing it to adsorb cationic species, but in increasingly acidic conditions, its surface
becomes increasingly positively charged as it consumes H+ ions out of solution (AbdelSamad and Watson, 1998). While the bulk concentration of the random and layered
distribution may be the same, the soil with concentrated lenses increases the likelihood
that the solution interacts with goethite surfaces, amplifying this effect.
With respect to the solid phase products, each bulk goethite concentration
treatment had one treatment with a significant increase in residual Pb, and one that did
not. For the soils with higher concentrations (200 and 100 mg kg-1), it was the layered
distribution, and for the 50 mg kg-1 treatment it was the random. Although there is a
notable positive relationship between goethite density and Pb release, our results also
indicate that concentrated lenses within non-inoculated soils may promote Pb
redistribution into residual phases.
3.4.4 Implications for remediation:
Our investigation of a soil contaminated with lead-paint showed a large fraction
of the Pb in the soil is in the form of carbonate (~40%) and bound to oxides (~40%). The
successful sustainable remediation of Pb-contaminated soil by conversion of bioavailable
Pb into scarcely soluble Pb minerals (e.g. pyromorphite) is a promising technique, which
remains erratic in its implementation. It has been suggested that soil processes,
particularly competitive sorption is a cause of inhibition of pyromorphite. Our results
suggest that even moderate alteration of competitive microenvironments has a nonnegligible impact on Pb mobility in soils subjected to acid leaching, and successful
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alteration of Pb species cannot be guaranteed without understanding factors that influence
mobility. Our results also suggest that an increase in iron oxide in the soil would greatly
impact the speciation of Pb depending on the distribution of these microenvironments,
with a significant increase in the residual fraction when enough new microenvironments
are distributed across the flow (200L, 100L), which is not the case when only a few more
microenvironments are added (50R vs 50L).
While specific mechanisms are difficult to infer from our results, it appears that
competitive effects in the soil have a significant impact on Pb mobility in leaching
environments. It also appears that the release of Pb is directly controlled by pH, and
therefore soil characteristics with respect to buffering are significant in the successful
implementation of remediation. Simply put, altering the density and distribution of
microenvironments within Pb contaminated soil clearly impacts both solid and aqueous
leaching products. Our results indicate that Pb release is promoted by increasing
microenvironment density, but redistribution into less soluble mineral species is inhibited
by competitive processes in the soil, a result seen in other studies (Li et al., 2014). In the
case of 200L and 100L, however, there was significant redistribution into the residual
phase, which suggests a non-bioavailable form of Pb. The concentrated lenses of goethite
likely promoted Pb release, but the interaction between mobilized Pb and anionic species
in solution was, perhaps, less inhibited in the unaltered soil ‘downstream’ from the
goethite lenses. It is apparent from these results that slight variations in soil
microenvironments can have disproportional impacts on Pb behavior, certainly
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confirming suspicions that microscale competition is a major culprit for unsuccessful
implementation of sustainable remedial actions.

74

References
Abdel-Samad, H., and Watson, P. R., 1998, An XPS study of the adsorption of lead on
goethite (α-FeOOH): Applied Surface Science, v. 136, no. 1, p. 46-54.
Altomare, A., Cuocci, C., Giacovazzo, C., Moliterni, A., Rizzi, R., 2008, QUALX: a
computer program for qualitative analysis using powder diffraction data: Journal
of Applied Crystallography, v. 41 (4), p. 815-817.
Bower, J. A., 2017, Speciation, distribution, prediction, and mobility of lead in urban
soils: a multiscale study [Master of Science: University of Vermont, 127 p.
Bower, J. A., Lister, S., Hazebrouck, G., and Perdrial, N., 2017, Geospatial evaluation of
lead bioaccessibility and distribution for site specific prediction of threshold
limits: Environmental Pollution, v. 229, no. Supplement C, p. 290-299.
Cao, R. X., Ma, L. Q., Chen, M., Singh, S. P., and Harris, W. G., 2003, Phosphateinduced metal immobilization in a contaminated site: Environmental Pollution, v.
122, no. 1, p. 19-28.
Cao, X., Ma, L. Q., Singh, S. P., and Zhou, Q., 2008, Phosphate-induced lead
immobilization from different lead minerals in soils under varying pH conditions:
Environmental Pollution, v. 152, no. 1, p. 184-192.
Clark, J. J., and Knudsen, A. C., 2013, Extent, characterization, and sources of soil lead
contamination in small-urban residential neighborhoods: Journal of environmental
quality, v. 42, no. 5, p. 1498-1506.
España, J.S., 2007, The behavior of iron and aluminum in acid mine drainage: speciation,
mineralogy, and environmental significance: Thermodynamics, Solubility, and
Environmental Issues, p. 137-150.
Filippelli, G. M., Laidlaw, M. A., Latimer, J. C., and Raftis, R., 2005, Urban lead
poisoning and medical geology: an unfinished story: GSA Today, v. 15, no. 1, p.
4-11.
Gražulis, S., Chateigner, D., Downs, R. T., Yokochi, A. F. T., Quirós. M., Lutterotti, L.,
Manakova, E., Butkus, J., Moeck, P., Le Bail, A., 2009, Crystallography open
database - an open-access collection of crystal structures: Journal of Applied
Crystallography, v. 42 (4), p. 726-729.
Hashimoto, Y., Takaoka, M., Oshita, K., and Tanida, H., 2009, Incomplete
transformations of Pb to pyromorphite by phosphate-induced immobilization
investigated by X-ray absorption fine structure (XAFS) spectroscopy:
Chemosphere, v. 76, no. 5, p. 616-622.
Henry, H., Naujokas, M. F., Attanayake, C., Basta, N. T., Cheng, Z., Hettiarachchi, G.
M., Maddaloni, M., Schadt, C., and Scheckel, K. G., 2015, Bioavailability-based
in situ remediation to meet future lead (Pb) standards in urban soils and gardens:
Environmental science & technology, v. 49, no. 15, p. 8948-8958.
Hopwood, J. D., Davey, R. J., Jones, M. O., Pritchard, R. G., Cardew, P. T., and Booth,
A., 2002, Development of chloropyromorphite coatings for lead water pipes:
Journal of Materials Chemistry, v. 12, no. 6, p. 1717-1723.
Hosoda, Y., Shiota, T., Suzuki, N., Ikeda, S., Odawa, T., Kimura, K., and Yamamoto, H.,
1995, Anticorrosive primer composition, Google Patents.
75

Laidlaw, M. A., and Filippelli, G. M., 2008, Resuspension of urban soils as a persistent
source of lead poisoning in children: a review and new directions: Applied
Geochemistry, v. 23, no. 8, p. 2021-2039.
Lande, J., 2013, Area diffraction machine, v. 1.0.4.
Li, J., Li, K., Cave, M., Li, H.-B., and Ma, L. Q., 2015, Lead bioaccessibility in 12
contaminated soils from China: Correlation to lead relative bioavailability and
lead in different fractions: Journal of hazardous materials, v. 295, p. 55-62.
Li, L., Peters, C., and Celia, M., 2007, Effects of mineral spatial distribution on reaction
rates in porous media: Water resources research, v. 43, no. 1.
Li, L., Scheckel, K. G., Zheng, L., Liu, G., Xing, W., and Xiang, G., 2014,
Immobilization of Lead in Soil Influenced by Soluble Phosphate and Calcium:
Lead Speciation Evidence: Journal of Environmental Quality, v. 43, no. 2, p. 468474.
Linker, B. R., Khatiwada, R., Perdrial, N., Abrell, L., Sierra-Alvarez, R., Field, J. A., and
Chorover, J., 2015, Adsorption of novel insensitive munitions compounds at clay
mineral and metal oxide surfaces: Environmental Chemistry, v. 12, no. 1, p. 7484.
Needleman, H., 2004, Lead Poisoning: Annual Review of Medicine, v. 55, no. 1, p. 209222.
Newville, M., 2013, Larch: An analysis package for XAFS and related spectroscopies:
Journal of Physics, p. 1-7.
Newville, M., Sutton, S. R., Rivers, M. L., Eng, P., 1999, Micro-beam x-ray absorption
and fluorescence spectroscopies at GSECARS: APS beamline 13ID: Journal of
Synchrotron Radiation, v. 6, p. 353-355
Obrycki, J. F., Scheckel, K. G., and Basta, N. T., 2017, Soil solution interactions may
limit Pb remediation using P amendments in an urban soil: Environmental
Pollution, v. 220, p. 549-556.
Papanikolaou, N. C., Hatzidaki, E. G., Belivanis, S., Tzanakakis, G. N., and Tsatsakis, A.
M., 2005, Lead toxicity update. A brief review: Medical science monitor, v. 11,
no. 10, p. RA329-RA336.
Perdrial, N., Thompson, A., O'day, P. A., Steefel, C. I., Chorover, J., 2014, Mineral
transformation controls speciation and pore-fluid transmission of contaminants in
waste-weathered Hanford sediments: Geochimica et Cosmochimica, v. 141, p.
487-507.
Ruby, M. V., Schoof, R., Brattin, W., Goldade, M., Post, G., Harnois, M., Mosby, D.,
Casteel, S., Berti, W., and Carpenter, M., 1999, Advances in evaluating the oral
bioavailability of inorganics in soil for use in human health risk assessment:
Environmental Science & Technology, v. 33, no. 21, p. 3697-3705.
Scheckel, K. G., Diamond, G. L., Burgess, M. F., Klotzbach, J. M., Maddaloni, M.,
Miller, B. W., Partridge, C. R., and Serda, S. M., 2013, Amending soils with
phosphate as means to mitigate soil lead hazard: a critical review of the state of
the science: Journal of Toxicology and Environmental Health, Part B, v. 16, no. 6,
p. 337-380.
76

Steefel, C. I., DePaolo, D. J., and Lichtner, P. C., 2005, Reactive transport modeling: An
essential tool and a new research approach for the Earth sciences: Earth and
Planetary Science Letters, v. 240, no. 3, p. 539-558.
Tai, Y., McBride, M. B., and Li, Z., 2013, Evaluating specificity of sequential extraction
for chemical forms of lead in artificially-contaminated and field-contaminated
soils: Talanta, v. 107, p. 183-188.
Tessier, A., Campbell, P. G., and Bisson, M., 1979, Sequential extraction procedure for
the speciation of particulate trace metals: Analytical chemistry, v. 51, no. 7, p.
844-851.
Trivedi, P., Dyer, J. A., and Sparks, D. L., 2003, Lead sorption onto ferrihydrite. 1. A
macroscopic and spectroscopic assessment: Environmental science & technology,
v. 37, no. 5, p. 908-914.
Vetere, V., Deya, M., Romagnoli, R., and Del Amo, B., 2001, Calcium tripolyphosphate:
An anticorrosive pigment for paint: Journal of Coatings Technology, v. 73, no.
917, p. 57-63.
Wang, C., Lazouskaya, V., Fuller, M. E., Caplan, J. L., Schaefer, C. E., and Jin, Y., 2011,
Dissolution of microscale energetic residues in saturated porous media:
visualization and quantification at the pore-scale by spectral confocal microscopy:
Environmental science & technology, v. 45, no. 19, p. 8352-8358.
Webb, S., 2006-2016, Micoanalysis toolkit: Stanford Synchrotron Radiation Laboratory.
Zhang, P., Ryan, J. A., and Bryndzia, L. T., 1997, Pyromorphite formation from goethite
adsorbed lead: Environmental Science & Technology, v. 31, no. 9, p. 2673-2678.

77

CHAPTER 4: Comprehensive reference list
Abdel-Samad, H., and Watson, P. R., 1998, An XPS study of the adsorption of lead on
goethite (α-FeOOH): Applied Surface Science, v. 136, no. 1, p. 46-54.
Albanese, S., and Cicchella, D., 2012, Legacy problems in urban geochemistry:
Elements, v. 8, no. 6, p. 423-428.
Bolan, N., Kunhikrishnan, A., Thangarajan, R., Kumpiene, J., Park, J., Makino, T.,
Kirkham, M. B., and Scheckel, K., 2014, Remediation of heavy metal(loid)s
contaminated soils – To mobilize or to immobilize?: Journal of Hazardous
Materials, v. 266, p. 141-166.
Bosso, S. T., and Enzweiler, J., 2008, Bioaccessible lead in soils, slag, and mine wastes
from an abandoned mining district in Brazil: Environmental Geochemistry and
Health, v. 30, no. 3, p. 219-229.
Bower, J. A., 2017, Speciation, distribution, prediction, and mobility of lead in urban
soils: a multiscale study [Master of Science: University of Vermont, 127 p.
Bower, J. A., Lister, S., Hazebrouck, G., and Perdrial, N., 2017, Geospatial evaluation of
lead bioaccessibility and distribution for site specific prediction of threshold
limits: Environmental Pollution, v. 229, no. Supplement C, p. 290-299.
Cances, B., Ponthieu, M., Castrec-Rouelle, M., Aubry, E., and Benedetti, M. F., 2003,
Metal ions speciation in a soil and its solution: experimental data and model
results: Geoderma, v. 113, no. 3-4, p. 341-355.
Cao, R. X., Ma, L. Q., Chen, M., Singh, S. P., and Harris, W. G., 2003, Phosphateinduced metal immobilization in a contaminated site: Environmental Pollution, v.
122, no. 1, p. 19-28.
Cao, X., Ma, L. Q., Singh, S. P., and Zhou, Q., 2008, Phosphate-induced lead
immobilization from different lead minerals in soils under varying pH conditions:
Environmental Pollution, v. 152, no. 1, p. 184-192.
Caravanos, J., Chatham-Stephens, K., Ericson, B., Landrigan, P. J., and Fuller, R., 2013,
The burden of disease from pediatric lead exposure at hazardous waste sites in 7
Asian countries: Environmental research, v. 120, p. 119-125.
Cattle, J. A., McBratney, A., and Minasny, B., 2002, Kriging method evaluation for
assessing the spatial distribution of urban soil lead contamination: Journal of
Environmental Quality, v. 31, no. 5, p. 1576-1588.
CDC, 2012, Low level lead exposure harms children: a renewed call for primary
prevention: Report of the advisory committee on childhood lead poisoning
prevention of the Centers for Disease Control and Prevention.
Cicchella, D., De Vivo, B., Lima, A., Albanese, S., McGill, R., and Parrish, R. R., 2008,
Heavy metal pollution and Pb isotopes in urban soils of Napoli, Italy:
Geochemistry: Exploration, Environment, Analysis, v. 8, no. 1, p. 103-112.
Claridge, G., Campbell, I. B., Powell, H., Amin, Z., and Balks, M. R., 1995, Heavy metal
contamination in some soils of the McMurdo Sound region, Antarctica: Antarctic
Science, v. 7, no. 1, p. 9-14.

78

Clark, J. J., and Knudsen, A. C., 2013, Extent, characterization, and sources of soil lead
contamination in small-urban residential neighborhoods: Journal of environmental
quality, v. 42, no. 5, p. 1498-1506.
Cunha, F. d., Figueiredo, B. R., Paoliello, M., De Capitani, E. M., and Sakuma, A. M.,
2005, Human and environmental lead contamination in the Upper Ribeira Valley,
southeastern Brazil: Terrae, v. 2, no. 1-2, p. 28-36.
Datko-Williams, L., Wilkie, A., and Richmond-Bryant, J., 2014, Analysis of US soil lead
(Pb) studies from 1970 to 2012: Science of the Total Environment, v. 468, p. 854863.
Davis, A., Ruby, M. V., and Bergstrom, P. D., 1992, Bioavailability of arsenic and lead
in soils from the Butte, Montana, mining district: Environmental Science &
Technology, v. 26, no. 3, p. 461-468.
Duzgoren-Aydin, N., Li, X., and Wong, S., 2004, Lead contamination and isotope
signatures in the urban environment of Hong Kong: Environment International, v.
30, no. 2, p. 209-217.
Echeverría, J. C., Morera, M. T., Mazkiarán, C., and Garrido, J. J., 1998, Competitive
sorption of heavy metal by soils. Isotherms and fractional factorial experiments:
Environmental Pollution, v. 101, no. 2, p. 275-284.
EPA, U.S., 2008, Standard operating procedure for an in vitro bioacces-sibility assay for
lead in soil: Washington DC.
EPA, U. S., 1994, Guidance manual for the integrated exposure uptake biokinetic model
for lead in children, in Agency, U. S. E. P., ed., U.S. Environmental Protection
Agency, Office of Solid Wate and Emergency Response.
Filippelli, G. M., Laidlaw, M. A., Latimer, J. C., and Raftis, R., 2005, Urban lead
poisoning and medical geology: an unfinished story: GSA Today, v. 15, no. 1, p.
4-11.
Flora, S. J., Saxena, G., and Mehta, A., 2007, Reversal of lead-induced neuronal
apoptosis by chelation treatment in rats: role of reactive oxygen species and
intracellular Ca2+: Journal of Pharmacology and Experimental Therapeutics, v.
322, no. 1, p. 108-116.
Goix, S., Uzu, G., Oliva, P., Barraza, F., Calas, A., Castet, S., Point, D., Masbou, J.,
Duprey, J.-L., and Huayta, C., 2016, Metal concentration and bioaccessibility in
different particle sizes of dust and aerosols to refine metal exposure assessment:
Journal of hazardous materials, v. 317, p. 552-562.
Guthrie, G. D., and Carey, J. W., 2015, A thermodynamic and kinetic model for paste–
aggregate interactions and the alkali–silica reaction: Cement and Concrete
Research, v. 76, p. 107-120.
Hashimoto, Y., Takaoka, M., Oshita, K., and Tanida, H., 2009, Incomplete
transformations of Pb to pyromorphite by phosphate-induced immobilization
investigated by X-ray absorption fine structure (XAFS) spectroscopy:
Chemosphere, v. 76, no. 5, p. 616-622.
Helgeson, H. C., Murphy, W. M., and Aagaard, P., 1984, Thermodynamic and kinetic
constraints on reaction rates among minerals and aqueous solutions. II. Rate
79

constants, effective surface area, and the hydrolysis of feldspar: Geochimica et
Cosmochimica Acta, v. 48, no. 12, p. 2405-2432.
Henry, H., Naujokas, M. F., Attanayake, C., Basta, N. T., Cheng, Z., Hettiarachchi, G.
M., Maddaloni, M., Schadt, C., and Scheckel, K. G., 2015, Bioavailability-based
in situ remediation to meet future lead (Pb) standards in urban soils and gardens:
Environmental science & technology, v. 49, no. 15, p. 8948-8958.
Hettiarachchi, G. M., and Pierzynski, G. M., 2004, Soil lead bioavailability and in situ
remediation of lead‐contaminated soils: A review: Environmental Progress &
Sustainable Energy, v. 23, no. 1, p. 78-93.
Hopwood, J. D., Davey, R. J., Jones, M. O., Pritchard, R. G., Cardew, P. T., and Booth,
A., 2002, Development of chloropyromorphite coatings for lead water pipes:
Journal of Materials Chemistry, v. 12, no. 6, p. 1717-1723.
Hosoda, Y., Shiota, T., Suzuki, N., Ikeda, S., Odawa, T., Kimura, K., and Yamamoto, H.,
1995, Anticorrosive primer composition, Google Patents.
Ikenaka, Y., Nakayama, S. M., Muzandu, K., Choongo, K., Teraoka, H., Mizuno, N., and
Ishizuka, M., 2010, Heavy metal contamination of soil and sediment in Zambia:
African Journal of Environmental Science and Technology, v. 4, no. 11, p. 729739.
Kumpiene, J., Giagnoni, L., Marschner, B., Denys, S., Mench, M., Adriaensen, K.,
Vangronsveld, J., Puschenreiter, M., and Renella, G., 2017, Assessment of
methods for determining bioavailability of trace elements in soils: A review:
Pedosphere, v. 27, no. 3, p. 389-406.
Laidlaw, M. A., and Filippelli, G. M., 2008, Resuspension of urban soils as a persistent
source of lead poisoning in children: a review and new directions: Applied
Geochemistry, v. 23, no. 8, p. 2021-2039.
Laidlaw, M. A., Gordon, C., and Ball, A. S., 2018, Preliminary assessment of surface soil
lead concentrations in Melbourne, Australia: Environmental geochemistry and
health, v. 40, no. 2, p. 637-650.
Laidlaw, M. A., Mielke, H. W., Filippelli, G. M., Johnson, D. L., and Gonzales, C. R.,
2005, Seasonality and children’s blood lead levels: developing a predictive model
using climatic variables and blood lead data from Indianapolis, Indiana, Syracuse,
New York, and New Orleans, Louisiana (USA): Environmental Health
Perspectives, v. 113, no. 6, p. 793.
Li, J., Li, K., Cave, M., Li, H.-B., and Ma, L. Q., 2015, Lead bioaccessibility in 12
contaminated soils from China: Correlation to lead relative bioavailability and
lead in different fractions: Journal of Hazardous Materials, v. 295, p. 55-62.
Li, L., Peters, C., and Celia, M., 2007, Effects of mineral spatial distribution on reaction
rates in porous media: Water resources research, v. 43, no. 1.
Li, L., Scheckel, K. G., Zheng, L., Liu, G., Xing, W., and Xiang, G., 2014,
Immobilization of Lead in Soil Influenced by Soluble Phosphate and Calcium:
Lead Speciation Evidence: Journal of Environmental Quality, v. 43, no. 2, p. 468474.
Li, S.-W., Liu, X., Sun, H.-J., Li, M.-Y., Zhao, D., Luo, J., Li, H.-B., and Ma, L. Q.,
2017, Effect of phosphate amendment on relative bioavailability and
80

bioaccessibility of lead and arsenic in contaminated soils: Journal of Hazardous
Materials, v. 339, no. Supplement C, p. 256-263.
Li, Y., Hu, J., Wu, W., Liu, S., Li, M., Yao, N., Chen, J., Ye, L., Wang, Q., and Zhou, Y.,
2016, Application of IEUBK model in lead risk assessment of children aged 61–
84 months old in central China: Science of the Total Environment, v. 541, p. 673682.
Linker, B. R., Khatiwada, R., Perdrial, N., Abrell, L., Sierra-Alvarez, R., Field, J. A., and
Chorover, J., 2015, Adsorption of novel insensitive munitions compounds at clay
mineral and metal oxide surfaces: Environmental Chemistry, v. 12, no. 1, p. 7484.
Liu, H., Probst, A., and Liao, B., 2005, Metal contamination of soils and crops affected
by the Chenzhou lead/zinc mine spill (Hunan, China): Science of the Total
Environment, v. 339, no. 1-3, p. 153-166.
Ludden, J., Peach, D., and Flight, D., 2015, Geochemically Based Solutions for Urban
Society: London, A Case Study: Elements, v. 11, no. 4, p. 253-258.
Matheron, G., 1963, Principles of geostatistics: Economic geology, v. 58, no. 8, p. 12461266.
Mercier, G., Duchesne, J., and Carles-Gibergues, A., 2002, A simple and fast screening
test to detect soils polluted by lead: Environmental Pollution, v. 118, no. 3, p.
285-296.
Mielke, H. W., Gonzales, C. R., Powell, E., Jartun, M., and Mielke Jr, P. W., 2007,
Nonlinear association between soil lead and blood lead of children in
metropolitan New Orleans, Louisiana: 2000–2005: Science of the Total
Environment, v. 388, no. 1-3, p. 43-53.
Monna, F., Poujol, M., Losno, R., Dominik, J., Annegarn, H., and Coetzee, H., 2006,
Origin of atmospheric lead in Johannesburg, South Africa: Atmospheric
environment, v. 40, no. 34, p. 6554-6566.
Needleman, H., 2004, Lead Poisoning: Annual Review of Medicine, v. 55, no. 1, p. 209222.
Nguyen, H. D., Cao, B., Mishra, B., Boyanov, M. I., Kemner, K. M., Fredrickson, J. K.,
and Beyenal, H., 2012, Microscale geochemical gradients in Hanford 300 Area
sediment biofilms and influence of uranium: Water research, v. 46, no. 1, p. 227234.
Noiriel, C., Steefel, C. I., Yang, L., and Bernard, D., 2016, Effects of pore-scale
precipitation on permeability and flow: Advances in Water Resources, v. 95, no.
Supplement C, p. 125-137.
O'flaherty, E. J., 1998, A physiologically based kinetic model for lead in children and
adults: Environmental health perspectives, v. 106, no. Suppl 6, p. 1495.
Obrycki, J. F., Scheckel, K. G., and Basta, N. T., 2017, Soil solution interactions may
limit Pb remediation using P amendments in an urban soil: Environmental
Pollution, v. 220, p. 549-556.
Papanikolaou, N. C., Hatzidaki, E. G., Belivanis, S., Tzanakakis, G. N., and Tsatsakis, A.
M., 2005, Lead toxicity update. A brief review: Medical science monitor, v. 11,
no. 10, p. RA329-RA336.
81

Park, J. H., Bolan, N., Megharaj, M., and Naidu, R., 2011, Comparative value of
phosphate sources on the immobilization of lead, and leaching of lead and
phosphorus in lead contaminated soils: Science of the Total Environment, v. 409,
no. 4, p. 853-860.
Porter, S. K., Scheckel, K. G., Impellitteri, C. A., and Ryan, J. A., 2004, Toxic Metals in
the Environment: Thermodynamic Considerations for Possible Immobilization
Strategies for Pb, Cd, As, and Hg: Critical Reviews in Environmental Science and
Technology, v. 34, no. 6, p. 495-604.
Rankin, C. W., Nriagu, J. O., Aggarwal, J. K., Arowolo, T. A., Adebayo, K., and Flegal,
A. R., 2005, Lead contamination in cocoa and cocoa products: isotopic evidence
of global contamination: Environmental health perspectives, v. 113, no. 10, p.
1344.
Reuer, M. K., Bower, N. W., Koball, J. H., Hinostroza, E., De la Torre Marcas, M. E.,
Surichaqui, J. A. H., and Echevarria, S., 2012, Lead, arsenic, and cadmium
contamination and its impact on children's health in La Oroya, Peru: ISRN Public
Health, v. 2012.
Ruby, M. V., Davis, A., and Nicholson, A., 1994, In situ formation of lead phosphates in
soils as a method to immobilize lead: Environmental Science & Technology, v.
28, no. 4, p. 646-654.
Ruby, M. V., Schoof, R., Brattin, W., Goldade, M., Post, G., Harnois, M., Mosby, D.,
Casteel, S., Berti, W., and Carpenter, M., 1999, Advances in evaluating the oral
bioavailability of inorganics in soil for use in human health risk assessment:
Environmental Science & Technology, v. 33, no. 21, p. 3697-3705.
Ryan, J. A., Scheckel, K. G., Berti, W. R., Brown, S. L., Casteel, S. W., Chaney, R. L.,
Hallfrisch, J., Doolan, M., Grevatt, P., and Maddaloni, M., 2004, Peer reviewed:
reducing children's risk from lead in soil, ACS Publications.
Scheckel, K. G., Diamond, G. L., Burgess, M. F., Klotzbach, J. M., Maddaloni, M.,
Miller, B. W., Partridge, C. R., and Serda, S. M., 2013, Amending soils with
phosphate as means to mitigate soil lead hazard: a critical review of the state of
the science: Journal of Toxicology and Environmental Health, Part B, v. 16, no. 6,
p. 337-380.
Scheckel, K. G., Impellitteri, C. A., Ryan, J. A., and McEvoy, T., 2003, Assessment of a
sequential extraction procedure for perturbed lead-contaminated samples with and
without phosphorus amendments: Environmental science & technology, v. 37, no.
9, p. 1892-1898.
Scheckel, K. G., and Ryan, J. A., 2002, Effects of aging and pH on dissolution kinetics
and stability of chloropyromorphite: Environmental science & technology, v. 36,
no. 10, p. 2198-2204.
Scheckel, K. G., and Ryan, J. A., 2004, Spectroscopic speciation and quantification of
lead in phosphate-amended soils: Journal of Environmental Quality, v. 33, no. 4,
p. 1288-1295.
Schwarz, K., Pickett, S. T., Lathrop, R. G., Weathers, K. C., Pouyat, R. V., and
Cadenasso, M. L., 2012, The effects of the urban built environment on the spatial
distribution of lead in residential soils: Environmental pollution, v. 163, p. 32-39.
82

Shaheen, S. M., Antoniadis, V., Kwon, E. E., Biswas, J. K., Wang, H., Ok, Y. S., and
Rinklebe, J., 2017, Biosolids application affects the competitive sorption and
lability of cadmium, copper, nickel, lead, and zinc in fluvial and calcareous soils:
Environmental geochemistry and health, v. 39, no. 6, p. 1365-1379.
Shimoni-Livny, L., Glusker, J. P., and Bock, C. W., 1998, Lone pair functionality in
divalent lead compounds: Inorganic Chemistry, v. 37, no. 8, p. 1853-1867.
Steefel, C. I., DePaolo, D. J., and Lichtner, P. C., 2005, Reactive transport modeling: An
essential tool and a new research approach for the Earth sciences: Earth and
Planetary Science Letters, v. 240, no. 3, p. 539-558.
Steefel, C. I., and Maher, K., 2009, Fluid-rock interaction: A reactive transport approach:
Reviews in mineralogy and geochemistry, v. 70, no. 1, p. 485-532.
Stewart, L. R., Farver, J. R., Gorsevski, P. V., and Miner, J. G., 2014, Spatial prediction
of blood lead levels in children in Toledo, OH using fuzzy sets and the sitespecific IEUBK model: Applied geochemistry, v. 45, p. 120-129.
Tai, Y., McBride, M. B., and Li, Z., 2013, Evaluating specificity of sequential extraction
for chemical forms of lead in artificially-contaminated and field-contaminated
soils: Talanta, v. 107, p. 183-188.
Tessier, A., Campbell, P. G., and Bisson, M., 1979, Sequential extraction procedure for
the speciation of particulate trace metals: Analytical chemistry, v. 51, no. 7, p.
844-851.
Tóth, G., Hermann, T., Da Silva, M., and Montanarella, L., 2016, Heavy metals in
agricultural soils of the European Union with implications for food safety:
Environment international, v. 88, p. 299-309.
Trivedi, P., Dyer, J. A., and Sparks, D. L., 2003, Lead sorption onto ferrihydrite. 1. A
macroscopic and spectroscopic assessment: Environmental science & technology,
v. 37, no. 5, p. 908-914.
Vetere, V., Deya, M., Romagnoli, R., and Del Amo, B., 2001, Calcium tripolyphosphate:
An anticorrosive pigment for paint: Journal of Coatings Technology, v. 73, no.
917, p. 57-63.
Villalobos, M., and Pérez-Gallegos, A., 2008, Goethite surface reactivity: A macroscopic
investigation unifying proton, chromate, carbonate, and lead(II) adsorption, 307323 p.:
Wang, C., Lazouskaya, V., Fuller, M. E., Caplan, J. L., Schaefer, C. E., and Jin, Y., 2011,
Dissolution of microscale energetic residues in saturated porous media:
visualization and quantification at the pore-scale by spectral confocal microscopy:
Environmental science & technology, v. 45, no. 19, p. 8352-8358.
Webb, S., 2006-2016, Micoanalysis toolkit: Stanford Synchrotron Radiation Laboratory.
Zahran, S., Mielke, H. W., Weiler, S., and Gonzales, C. R., 2011, Nonlinear associations
between blood lead in children, age of child, and quantity of soil lead in
metropolitan New Orleans: Science of the Total Environment, v. 409, no. 7, p.
1211-1218.
Zhang, P., Ryan, J. A., and Bryndzia, L. T., 1997, Pyromorphite formation from goethite
adsorbed lead: Environmental Science & Technology, v. 31, no. 9, p. 2673-2678.
83

Appendix I
40

5

Ca
mg/L

mg/L

30
20
10

3
2
1

0
0

1

Al

4

Na

50

100

150

200

0
0.6 0

250

Mn

50

100

150

200

250

50

100

150

200

250

200

250

mg/L

mg/L

0.4

0.5

0.2

0
2.5 0

2

50

Mg

100

150

200

0.4
mg/L

0.2

1

0.1

0.5

0

0
0

mg/L

3

Si

0.3

1.5

mg/L

0
0.5 0

250

K

50

100

150

200

250

200

250

0

50

100
150
Pore Volumes

2
1
0
0

50

100
150
Pore Volumes

Concentration of Al, Ca, Mn, Na, Mg, K, and Si (mg L-1) in effluent (in ordinate) for each
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